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Abstract: Soils, sediments, and water require careful stewardship for the planet’s security to achieve
the Sustainable Development Goals (SGDs) set from the United Nations. However, the contamination
of these natural resources can damage ecological and human health, and thus we need a comprehensive
approach to provide a remediation reference for the SDGs. The aim of this Special Issue (SI) was
to gather the papers emphasizing different aspects and findings of the contamination processes,
remediation techniques, and risk assessment of soils, sediments, and water. The Guest-Editor of this
SI collected seven papers dealing with biochar application for the reduction in soil nutrient leaching
by Kuo et al. and for the immobilization of soil cadmium by Chen et al. Their works contributed to not
only sustain soil functions but also to prevent sediments and water from contamination. Moreover,
in situ stabilization by environmentally compatible approach is a green remediation of sediments such
as thin-layer capping for freshwater and estuary sediments by Ou et al. and Ch’ng et al., respectively.
Bioassays including microbiological response and enzyme activities were used to test water quality
by Martín et al. and Aljahdali et al., in addition to the finding of antibiotic-degrading bacterial strains
reported by Yang et al. in sewage sludge. These papers may aid to update and incorporate new views
and discussion for the SDGs.
Keywords: bioaccessibility; biochar; biomarkers; green and sustainable remediation; heavy metal;
SDGs; thin-layer capping
1. Introduction
There has long been concern about the issue of soils, sediments, and water pollution by various
contaminants worldwide. Soil provides an interface between the lithosphere, atmosphere, hydrosphere,
and biosphere, and thus improvement of soil function has recently become a major priority in ecosystems,
particularly because of the growing awareness regarding the role of soil in controlling sediment and
water quality crucial for human benefit [1]. For instance, the sustainable monitoring and management
of contamination and remediation of soils, sediments, and water toward reaching the 17 Sustainable
Development Goals (SGDs) set from the United Nations have been recognized as important in previous
studies [2], which identified several targets with direct synergies with these natural resources across
the goals.
Regarding soil and sediment remediation, conventional practices such as washing, landfilling,
and excavation are commonly poor-feasible especially on a large scale because they are not
environmentally compatible and are economically-prohibitive [3]. These concerns have prompted
green and sustainable remediation (GSR) for the contamination of soils and sediments. Among GSRs,
the in situ stabilization of contaminants using reactive or immobilizing materials has received increasing
attention [4]. The aim of adding amendment is to sequester and stabilize contaminants in soils or
sediments to reduce their ability to spread into water or biota, and thus to reduce their risk to human
health. Aquatic ecosystems including sediments and water often play as the sinks of contaminants
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transported from soil contamination and wastewater discharge. To identify the impact of contaminants
in water by bioassays, it is necessary to test different representatives of biomarkers as indicators of
substances that are harmful to living cells and tissues, useful even in the cases where physicochemical
parameters fulfill the requirements of water quality. This identification approach may coincide with
the GSR principles of soil and sediment contamination for ecological and human health.
2. Overview of This Special Issue
Seven original papers are published in this Special Issue: two are the topics of soil remediation by
using biochar, two are heavy metal stabilization by iron sulfide-based amendments in sediments, two are
evaluation of the biomarkers of heavy metal contamination in river water, and one is biodegradation
of antibiotics by specific bacterial strains screened from sewage sludge.
Biochar acts as a liming amendment in soils, increasing the retention capacity of nutrient and
heavy metal in the soil solids. Thus, the application of biochar has received growing interest as a
sustainable technology in contaminated soils because it boosts the intrinsic sorption capacity of the
soil [5]. Kuo et al. evaluated the effects of biochar on organic carbon (OC) and nutrient retention and
leaching in a coarse-textured soil [6]. They conducted a 42-day column leaching experiment by the
tested soil mixed with 2% of biochar pyrolyzed from the wood sawdust of Honduran mahogany
(Swietenia macrophylla) at 300 ◦C (WB300) and 600 ◦C (WB600). The results indicated that biochar
application increased the final soil pH and OC, concentrations of ammonium-N, nitrate-N, and available
phosphorus (P) but not exchangeable potassium (K) concentrations. They concluded the ability to
retain N, P, and K in the tested soil differed with pyrolysis temperatures of biochar, but WB300 and
WB600 effectively contributed to the conservation of groundwater and river water in the catchment.
Biochar from rice husk was applied into a cadmium (Cd) contaminated soil by Chen et al. [7].
Lettuce (Lactuca sative) and pak-choi (Brassica chinensis) were planted in the biochar-amended soil to
observe the accumulation, translocation, and chemical forms of Cd in the leafy vegetables. In addition,
the vegetable-induced hazard quotient was calculated via the chemical form and artificial digestant
extractable concentration of Cd in the blanched edible parts to assess the risk from oral intake.
The experimental results identified that the biochar increased the soil pH and decreased Cd concentration
in the roots and shoots of tested vegetables compared with the control. As some chemical forms of
Cd in the vegetables were leached out from tissues during cooking, using total Cd in the vegetables
over-estimated the dose of Cd absorbed by the human body. Hence, the bioaccessibility of Cd through
eating vegetables can be used to predict accurately the health risk of Cd intake, especially under the
biochar-amended soil.
Thin-layer capping is an environment-compatible technique for in situ sediment remediation,
reducing contaminants released from the solid phases to overlying water. The main approach is to allow
the sediment left in place but decreasing further contamination from resuspension of contaminants
by the capping layer [8]. Ch’ng investigated mercury (Hg) removal efficiency of iron sulfide (FeS),
sulfurized activated carbon (SAC), and raw activated carbon (AC) sorbents influenced by salinity
and dissolved organic matter (DOM), and the efficiency of these sorbents as thin layer caps on the
remediation of Hg-contaminated estuary sediment to decrease the risk of release [9]. They elucidated
that FeS on Hg removal was not significantly affected by salinity levels and maintained with high
removal efficiency. The Hg removal efficiency of AC and SAC increased as salinity increased. However,
the Hg removal by sorbents decreased with the addition of DOM at different salinity levels. To cope with
highly complex conditions in sediment, mixed capping with multiple materials was further performed
by Ou et al. [10]. They selected kaolinite, carbon black (CB), iron sulfide (FeS), hydroxyapatite (HAP),
and oyster shell powder (OSP) as mixed active caps to retain nickel (Ni), chromium (Cr), copper (Cu),
zinc (Zn), and Hg released from freshwater sediment by column experiments. The HAP and OSP
showed the highest removal efficiencies towards Ni, Cr, Cu, and Zn, with CB taking the third place.
However, the FeS and CB played a more significant role in Hg removal, corresponding to the findings
by Ch’ng et al. [9].
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The mobility of heavy metals in aquatic environments by desorption from sediments into the
surface water is controlled by many biological and chemical factors, making the surface water a major
intermediate source of toxic metals in benthic sediments. Aljahdali et al. determined concentrations
of heavy metals in sediments and the freshwater mollusc Bellamya unicolor, pollution indices,
and antioxidant enzyme activities in Bellamya unicolor across the five sites in the River Kaduna,
Nigeria to further evaluate the risk assessment of heavy metals [11]. They found that a significantly
positive correlation between metal concentration and antioxidants catalase and superoxide dismutase
was established, supporting the potential ecological risk as a result of heavy metals pollution in the
River Kaduna. Martín et al. evaluated the water quality of Boque River in Colombia contaminated by
gold mining drainage by bioassays (Lactuca sativa, Hydra attenuata, and Daphnia magna), mutagenicity
(Ames test), and microbiological assays, in addition to physiochemical parameters such as pH,
heavy metals, Hg, and cyanide [12]. They found Hg, Cd, and cyanide exceeded the permitted
concentrations in Colombia and D. magna showed sensitivity and L. sativa showed inhibition and
excessive growth in the analyzed water. The presence of bacteria and coliphages in the water
indicated a health risk to inhabitants. The mutagenic index showed the possibility of mutations
in the population consuming this type of water. Additionally, bioassays played as an alert system
when concentrations of contaminants cannot be analytically detected. In addition to conventional
contaminants, emerging contaminants such as antibiotics have received great concerns in the
environment worldwide. Yang et al. examined the degradation of antibiotics in the sewage sludge
from a wastewater treatment plant by antibiotic-degrading bacteria under aerobic and anaerobic
conditions [13]. Four antibiotic-degrading bacterial strains, SF1 (Pseudmonas sp.), A12 (Pseudmonas sp.),
strains B (Bacillus sp.), and SANA (Clostridium sp.), were isolated, identified, and tested in their
study. The experiments indicated the addition of SF1 and A12 under aerobic conditions and the
addition of B and SANA under anaerobic conditions increased the biodegradation of antibiotics in
the sludge. Moreover, twenty-four reported antibiotics-degrading bacterial genera were identified to
have the possible potential for the removal of antibiotics including oxytetracycline (OTC), tetracycline
(TC), chlortetracycline (CTC), amoxicillin (AMO), sulfamethazine (SMZ), sulfamethoxazole (SMX),
and sulfadimethoxine (SDM) in the sludge.
3. Conclusions
The seven papers in this SI provide valuable results in the topics of soils, sediments, and water
contamination according to the consideration of ecological and health risk. They also point out open
questions and possible research in the future. Biochar application can benefit both soil conservation and
contamination, but further research should be conducted to investigate whether these positive effects
can be extended to the field scale. Similar to biochar, scale-up design will be helpful for thin-layer
capping in in situ sediment by using mixed active amendments. Both physiochemical analysis and
bioassays mutually supported the evaluation results of river water quality. However, we need better
approaches and policies of management to prevent further contamination from the discharge of
untreated industrial and domestic waste into this aquatic ecosystem. The use of microorganisms to
eliminate antibiotics is a promising strategy, but the future work should verify the biodegradation
ability of antibiotic-degradation bacteria in the wastewater treatment plant.
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Abstract: Background: Loss of nutrients and organic carbon (OC) through leaching or erosion may
degrade soil and water quality, which in turn could lead to food insecurity. Adding biochar to
soil can effectively improve soil stability, therefore, evaluating the effects of biochar on OC and
nutrient retention and leaching is critical. Methods: We conducted a 42-day column leaching
experiment by using sandy loam soil samples mixed with 2% of biochar pyrolyzed from Honduran
mahogany (Swietenia macrophylla) wood sawdust at 300 ◦C (WB300) and 600 ◦C (WB600) and a
control sample. Leaching was achieved by flushing the soil column on day 4 and every week during
the 42-day experiment and adding a water volume for each flushing equivalent to the field water
capacity. Results: Biochar application increased the final soil pH and OC, NH4+-N, NO3−-N, available
P concentrations but not exchangeable K concentrations. In particular, WB600 exhibited superior
performance in alleviating soil acidification; WB300 engendered high NO3−-N concentrations. Biochar
application effectively retained water in soil and inhibited the leaching of the aforementioned nutrients
and dissolved OC. WB300 reduced NH4+-N and K leaching by 30%, and WB600 reduced P leaching
by 68%. Conclusions: Biochar application can improve nutrient retention and reduce the leaching
potential of soils and connected water bodies.
Keywords: biochar; organic carbon; nutrients; leaching; nitrogen; phosphorus; potassium
1. Introduction
Nutrients (nitrogen, phosphorus, and potassium) and soil organic carbon (SOC) are critical
components of a healthy soil, which is the foundation of a strong food system [1]. Tropical ecosystems
are particularly susceptible to the loss of nutrients through soil erosion or leaching processes [2].
Intense rainfall in tropical or subtropical areas results in the leaching of fertilizer containing N, P,
and K from soil bodies. Nutrient leaching could diminish soil fertility, accelerate soil acidification,
increase fertilizer costs for farmers, and reduce crop yields [3]. The deposition of leached nutrients into
water bodies adversely affects aquatic environments because of potential risks such as eutrophication.
Leaching of N and P and agricultural runoffs are among the leading contributors to non-point source
(NPS) pollution, which has a detrimental effect on drinking and ground water, aquatic habitats, and
other water resources. Agricultural runoffs often contain several contaminants, including nutrients,
pesticides, pathogens, sediment, salts, trace metals, and other substances, which contribute to biological
oxygen demand [4]. Moreover, SOC, comprising nutrient and soil biota, leaches out over time [5],
which could aggravate nutrient losses and water pollution. An enormous quantity of fertilizers must
be applied to counter the dwindling fertility of agricultural soil.
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Biochar is a solid bioresource obtained through the pyrolysis of organic waste. Residues from
agricultural and forestry production processes are suitable raw materials for the production of
high-quality biochar [6,7]. Biochar is a porous substance containing high levels of carbon and various
functional groups. Accordingly, the addition of biochar to agricultural soil has emerged as a feasible
strategy to enhance soil water retention capacity [8–10], soil quality [11–14], soil organic matter stability
and nutrient retention [15,16], organic carbon (OC) sequestration [17], and greenhouse gases emission
reduction [18–21]. Furthermore, biochar can affect soil microbial properties, including microbial
activity [22] and microbial diversity [23]. However, the interactions between biochar and microbial
properties in soil are not fully understood [24]. The application of biochar to soil could increase soil
fertility and crop productivity by reducing leaching or even supplying nutrients [25–27]. However,
the effects of biochar on nutrient leaching and OC retention has been reported to vary with the
applied biochar pyrolysis temperature, raw material, and soil type [28,29]. Biochar produced from
secondary forest residues could reduce fertilizer leaching and increase plant growth and nutrition [26].
Furthermore, the addition of biochar produced from hardwood to a typical Midwestern agricultural soil
in the United States considerably reduced the leaching of total N and P by 11% and 69%, respectively [3].
Yao et al. [29] reported that the effect of biochar on nutrient retention and release varied with the
nutrient and biochar type.
In this study, we conducted a 42-day column leaching experiment by using loamy sand soil
samples that were obtained from a tropical/subtropical area and treated with two types of wood dust
biochar pyrolyzed at 300 and 600 ◦C. The objective of this study was to determine the effects of biochar
application on water, nutrient, and OC retention and leaching from the observed soil. The results are
expected to be valuable for assessing the potential of biochar for the retention and immobilization of
nutrients in soils and inhibition of water body contamination.
2. Materials and Methods
2.1. Collection of Soil Samples and Preparation of Biochars
Surface soil samples (0–15 cm) were collected from a field in Pingtung, Southern Taiwan
(22◦31′57.9′′ N 120◦33′38.1′′ E). As of April 2016, pineapple (Ananas comosus (L.) Merr.) was the
dominant crop on this land. The soil samples were air-dried, sieved through a 2-mm screen,
and stored at room temperature. The biochar used in this study comprised Honduran mahogany
(Swietenia macrophylla) wood sawdust obtained from the Department of Wood Design, National
Pingtung University of Science and Technology. Two biochar materials were used in this study, namely
WB300 and WB600, that were produced at pyrolysis temperatures of 300 and 600 ◦C, respectively.
The biochar used in this study was supplied by the Industrial Technology Research Institute (ITRI) of
Taiwan. Before being charred, the wood sawdust was dried at 60 ◦C for 24 h to < 10% moisture and cut
to a particle size of 2 cm. For pyrolysis, the samples were placed in a tubular furnace (ITRI, Tainan,
Taiwan) equipped with a corundum tube (diameter, 32 mm; length, 700 mm) and a N2 purging
mechanism (flow rate, 1 L/min) to ensure an oxygen-free atmosphere. Heat treatments were performed
at temperatures of 300 and 600 ◦C, with the heating rate being 5 ◦C min−1. The temperature was
maintained for 2 h before cooling to an ambient temperature under an N2 flow. After the pyrolysis,
the biochar materials were ground to pass through a 2-mm sieve, followed by homogenization
through stirring.
2.2. Preparations of Leaching Column
Similar to the procedures applied by Lo [30], the biochar materials were thoroughly mixed with
the collected sandy loam soil at application rates of 0% (Control, 0 tons ha−1) and 2% (40 tons ha−1) w/w
for Bok choy (Brassica rapa chinensis) cultivation in Taiwan. Briefly, nutrient solutions of ammonium
sulfate ((NH4)2SO4), calcium dihydrogen phosphate (Ca(H2PO4)2), and potassium chloride (KCl) were
added to the soil at application rates of 2076, 227, and 191 kg ha−1, respectively (approximately 220, 30,
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and 100 kg ha−1 for N, P, and K, respectively). The fertilizers were dissolved in deionized (DI) water
and then mixed thoroughly with the soil samples. The volume of the nutrient solution applied was
60% of the water retention capacity of the treated soil samples. The treatment samples are outlined
as follows: (1) control, comprising soil only (CK); (2) WB300, comprising soil to which 2% of the
biochar pyrolyzed at 300 ◦C was added; and (3) WB600, comprising the soil to which 2% of the
biochar pyrolyzed at 600 ◦C was added. A leaching experiment was conducted for each treatment
in three replicates. As illustrated in Figure 1, a soil column with an internal diameter of 20.6 cm was
constructed. The column was composed of two polyvinyl chloride (PVC) tubings of equal length,
which were connected through a PVC fitting with a 5-cm interval. A nylon mesh (1 mm2) with filter
paper (Whatman grade no. 42) above was placed between the joints to separate the soil in the upper
part from the quartz sand (~2 mm in diameter) filled in the center PVC fitting. At a soil depth of 15 cm,
the volume of the soil column was approximately 5000 cm3. All the columns were packed with the
tested soil samples to obtain an initial bulk density of 1.2 g cm−3.
Figure 1. Schematic of the soil column constructed for the leaching experiment.
2.3. Soil Column Incubation and Leaching
The soil columns were subjected to a 42-day incubation process conducted at room temperature
(25–28 ◦C) and humidity (60%–80%) with repeated leaching in order to investigate the effects of biochar
application on (1) the physicochemical properties of, (2) the hydraulic properties of, and (3) nutrient
retention and leaching from the soils. Short-term duration of incubation period was chosen based on
Yoo et al. (2013) [31], where the leaching experiment was finished within 60 days. Likewise, based on
our previous studies, the variation of chemical and physical properties [13] and dynamic changes
of N and P [7] after biochar addition might occur and finish within 8 weeks, therefore, a short-term
experiment period (42 days) was selected in this study. Table 1 lists the analysed items.
According to the soil porosity and volume determined for the studied soil column, we used a
leaching volume of 700 mL for each flushing process. A fine sieve was placed above the columns
to minimize water disturbance to the soil surfaces during flushing. Throughout the experimental
period, all columns were leached seven times (on days 4, 7, 14, 21, 28, 35, and 42) using DI water.
The leachates were collected using 1000-mL measuring cylinders, and the volumes of the leachates
were recorded. Leachates were then subjected to chemical analyses. After the final leaching event,
the soil of each column was collected, air-dried, and ground to pass through a 2-mm sieve before
further chemical analysis.
7
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Table 1. Analysis items and relevant abbreviations for the leachates and soils.
Properties Leachate Soil
Leachate Volume VL 
pH pH 
Bulk Density DB 
Organic Carbon OC  
Ammonium Nitrogen NH4+-N  
Nitrate-Nitrogen NO3−-N  
Available Phosphorus Ava. P  
Exchangeable Potassium Ex. K  
2.4. Analytical Methods
The bulk density (DB) was determined using the core method [32]. The pH values of the soil
samples and biochar materials mixed with DI water (1:2.5 and 1:20 w/v, respectively) were determined
using a Horiba F-74 BW meter [33]. We performed electrical conductivity measurements on saturated
paste extracts of the soil samples by using a Horiba F-74 BW meter [34]. The soil particle size distribution
was determined using the pipette method [35]. Cation exchange capacity (CEC) was determined using
the ammonium acetate method (pH 7.0) [36]. Exchangeable K was extracted using 1 mol L−1 NH4OAc
(1:10 w/v for the soil samples; 1:20 w/v for the biochar materials), and the extract was analyzed through
atomic absorption spectrometry (Z-2300, Hitachi, Tokyo, Japan). The OC concentration was determined
through wet oxidation [37]. Available P was determined using the Bray P-1 extract test [38]. Inorganic
N was extracted using 2 M KCl (1:10 w/v), and the concentrations of NH4+-N and NO3−-N were
determined though steam distillation conducted using MgO and Devarda’s alloy [39]. The microscale
structure of the biochar materials was characterized through optical microscopy using reflected light,
followed by scanning electron microscopy (SEM; Hitachi, S-3000N, Japan). A backscattered electron
image representing the mean atomic abundance in a black-and-white image was observed on the
surface of the samples coated with Au. The C components of biochar horizons were examined through
solid-state CPMAS 13C nuclear magnetic resonance (DSX 400-MHz solid-state NMR, Bruker, Karlsruhe,
Germany). Data acquisition was executed under the following conditions: spectrometer frequency,
100.46 MHz; spinning speed, 7000 Hz; contact time, 1 ms; and pulse delay time, 1 s. We determined the
total signal intensity and the proportion contributed by each C functional group by integrating the
spectra in the chemical-shift region: 0–50 ppm (aliphatic C), 50–110 ppm (O-alkyl-C), 110–165 ppm
(aromatic C), and 165–190 ppm (carboxyl C). Methoxyl C contributed a wide shoulder between 50 and
60 ppm within the O-alkyl-C range (Alpha-T, Bruker).
2.5. Statistical Analysis
Data were analyzed using IBM SPSS Statistics 22 for Windows (IBM Corp., Armonk, NY, USA). Data
sets were subjected to mean separation analysis using one-way analysis of variance, with significance
being set to a p value of 0.05. The differences between mean values under different treatments were
identified using Duncan’s test.
3. Results
3.1. Properties of the Soil and Biochar Materials
Table 2 lists the properties of the soil samples and biochar materials. The texture of the studied
soil was sandy loam; the soil was determined to have a neutral pH and low OC content. The porosity,
bulk density, and particle density were in the normal ranges for the coarse-textured soil samples. The soil
used in this study was sourced from an intensively cultivated field with high human input, which may
result in high nutrient concentrations. The pH values of WB300 and WB600 (Honduran mahogany
wood sawdust pyrolyzed at 300 and 600 ◦C) were 6.5 (neutral) and 10.4 (alkaline), respectively. The OC
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content in WB300 was 6.8%, which was higher than that in WB600 (2.0%). By contrast, the total carbon
content was 69% in WB300, which was lower than that in WB600 (79.5%). These results indicate that
WB600 contained a higher level of inorganic carbon than W300 did. The higher pyrolysis temperature
reduced the concentrations of oxygen, nitrogen, ammonium–nitrogen, nitrate–nitrogen, available
phosphorus, and exchangeable potassium in the biochar materials. Figure 2 depicts SEM images of both
biochar materials. WB300 exhibited coarser pores than WB600 did but had a lower number of pores
for the same volume. Because of its more porous structure—signifying a larger surface area—WB600
could have distinct effects on the physicochemical properties of soil and groundwater when compared
with WB300.
Table 2. Properties of the studied soil and Honduran mahogany (Swietenia macrophylla) wood sawdust
biochar samples pyrolyzed at 300 ◦C (WB300) and 600 ◦C (WB600).
Properties Soil
Wood Biochar (WB)
300 ◦C (WB300) 600 ◦C (WB600)
pH 6.2 6.5 10.4
EC (dS m−1) 0.35 - -
Sand (%) 72.5 - -
Silt (%) 18.1 - -
Clay (%) 9.4 - -
Texture SL - -
DB (g cm−3) 1.44 - -
DP (g cm−3) 2.69 - -
Porosity (%) 42.8 - -
CEC (cmol(+)/kg) 10.2 55.1 20.4
OC (%) 0.33 6.8 2.0
TC (%) - 69.0 79.5
H (%) - 4.5 2.9
O (%) - 24.7 14.6
N (%) - 0.92 0.82
H/C - 0.06 0.04
O/C - 0.36 0.18
NH4+-N (mg/kg) 82.4 56.7 41.7
NO3−-N (mg/kg) 131 548 341
Ava. P (mg/kg) 6.63 5.29 3.30
Ex. K (mg/kg) 259 449 323
EC: electrical conductivity; SL: sandy loam; DB: bulk density; DP: particle density; OC: organic carbon; TC: total
carbon; H: hydrogen; O: oxygen; N: nitrogen; NH4+-N: ammonium-nitrogen; NO3−-N: nitrate-nitrogen; Ava. P:
available phosphorous; Ex. K: exchangeable potassium; -: Not determined.
Figure 2. Scanning electron microscope (SEM) images of Honduran mahogany (Swietenia macrophylla)
wood sawdust biochar pyrolyzed at (a) 300 ◦C and (b) 600 ◦C.
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Figure 3 illustrates the functional groups of C within the structures of the WB300 and WB600.
O-alkyl-C is the major C group in the natural composition of Honduran mahogany. By pyrolyzing at
300 ◦C, the WB300 consisted of more aromatic-C, less O-alkyl-C, more alkyl-C, and more carboxylic-C
than the raw wood dust. At 600 ◦C, the pyrolysis process resulted in the predominating aromatic-C
in the WB600, and the other C groups became less observable. The results of the physical and





Figure 3. Solid-state 13C cross-polarization magic-angle spinning nuclear magnetic resonance spectra
for Honduran mahogany (Swietenia macrophylla) wood sawdust (a) and its biochar materials pyrolyzed
at 300 ◦C (b) and 600 ◦C (c).
3.2. Soil Physicochemical Properties
Table 3 shows the major soil properties under different treatments before and after the 42-days
experiment. The pH value of the untreated soil (before mixing with fertilizer) was 6.8, as shown in
Table 2. After fertilization, the pH value under control dropped to 6.1. The pH of soil treated with
WB300 was ~6.2, whereas WB600 had the highest pH value of 6.5. At day 42, the soil pH values
of both biochar treatments were significantly higher than that of the control (pH 4.6), as shown in
Table 3. The WB600 treated soil still revealed the highest pH value (5.8) at day 42 among all treatments.
Although the soil under WB300 treatment had the similar pH value (6.2) with the control on day 0,
it revealed a higher pH than the control at day 42.
The DB values observed on day 42 for all the treated samples were lower than the initial DB of
1.20 g cm−3 (achieved when the soil columns were packed). The control exhibited the highest DB
(1.11 g cm−3); the WB600-treated sample had the lowest value (1.05 g cm−3). However, the differences
in DB between the treated samples were not significant (p = 0.05) (Table 3). Because biochar typically
contains low levels of OC, the SOC levels observed for all treatments were low (0.21%–0.46%).
The WB300-treated sample had the highest SOC content levels on both day 0 and day 42 (0.46% and
0.39%, respectively), indicating an SOC content loss of only 0.7% throughout the experiment (Table 3).
The SOC levels observed for the WB600-treated sample did not differ significantly from that observed
for the control (Table 3).
The NH4+-N concentration did not differ significantly between any of the treated samples on day
0 (Table 3). On day 42, the NH4+-N concentration in all treated samples decreased drastically from
approximately 205 mg kg−1 to less than 6.5% of the initial concentrations. On day 42, the control had
the lowest concentration (5.87 mg kg−1), and the WB300- and WB600-treated samples had significantly
higher concentrations (12.7 mg kg−1). The NO3−-N and inorganic N concentrations in the treated
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samples exhibited similar trends to the NH4+-N concentrations. On day 42, all treated samples
exhibited considerably lower NO3−-N concentrations when compared with the initial concentrations;
the NO3−-N concentrations were high in the samples treated with the two biochar materials, particularly
the WB300-treated sample.




pH 0 6.1 ± 0.1 a 6.2 ± 0.1 a 6.5 ± 0.1 b
42 4.6 ± 0.1 a 5.2 ± 0.2 b 5.8 ± 0.1 c
DB (g cm−3) 42 1.11 ± 0.24 a 1.09 ± 0.11 a 1.05 ± 0.10 a
SOC (%) 0 0.33 ± 0.05
a 0.46 ± 0.03 b 0.36 ± 0.05 a
42 0.21 ± 0.05 a 0.39 ± 0.05 b 0.31 ± 0.07 a,b
NH4+-N (mg kg−1)
0 206 ± 6.28 a 205 ± 6.16 a 205 ± 6.35 a
42 5.87 ± 1.19 a 12.7 ± 1.15 b 12.7 ± 1.21 b
NO3−-N (mg kg−1)
0 131 ± 8.35 a 138 ± 8.98 a 135 ± 8.14 a
42 7.52 ± 1.14 a 33.0 ± 1.31 c 28.0 ± 3.63 b
Inorganic N (mg kg−1) 0 336 ± 8.61
a 343 ± 9.60 a 339 ± 8.38 a
42 13.4 ± 0.82 a 45.7 ± 0.11 c 40.7 ± 3.42 b
Ava. P (mg kg−1) 0 19.6 ± 0.27
a 19.6 ± 0.26 a 19.8 ± 0.28 a
42 4.08 ± 0.45 a 5.10 ± 0.28 b 5.36 ± 0.75 b
Ex. K (mg kg−1) 0 488 ± 46.2
a 457 ± 30.6 a 497 ± 45.2 a
42 302 ± 3.02 a 315 ± 0.24 b 351 ± 0.13 c
DB: bulk density; SOC: soil organic carbon; NH4+-N: ammonium–nitrogen; NO3−-N: nitrate–nitrogen; N: nitrogen;
Ava. P: available phosphorous; Ex. K: exchangeable potassium. The values followed by the same superscript letters
within a row are not significantly different (p > 0.05) between relevant treatments.
On day 0, the Ava. P concentrations did not differ significantly between the three treated
soil samples (19.6–19.8 mg kg−1). On day 42, the Ava. P concentration decreased to 4.08, 5.1,
and 5.36 mg kg−1 in the control, WB300-treated, and WB600-treated samples, respectively. On day
0, the Ex. K concentrations in the control, WB300-treated, and WB600-treated samples were 302,
315, and 351 mg kg−1, respectively. After the experiment, the Ex. K concentrations increased to
457–488 mg kg−1 in all treated samples and did not differ significantly between the samples.
3.3. Properties of Leachate
Both biochar-treated samples exhibited significantly smaller leachate volumes than that of the
control for each flushing event (Table 4; Figure 4). On day 4 (the day of the first flushing event), the soil
column with the control sample had a leachate volume of 530 mL, and both WB300- and WB600-treated
samples retained approximately 150 mL more water than the control did (i.e., the leachate volume
decreased by 28%). At the end of the experiment, the cumulative leachate volumes observed for
the WB300- and WB600-treated samples were lower than that observed for the control by 9.2% and
13.7%, respectively.
Figure 5 displays the cumulative level of dissolved OC (DOC) in the leachate. This was highest in
the control and lowest in the WB600-treated sample after the experiment (188 and 154 mg, respectively).
After 42 days of incubation, the level of DOC leached from the soil column decreased by 6.50% and
20.0% in the WB300- and WB600-treated samples, respectively, compared with the control. The biochar
materials contained low levels of OC. Accordingly, biochar introduces a negligible level of DOC
into soils.
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Table 4. Volume of the leachate from the soil columns after each flushing with DI water (n = 3).
Treatments
Volume of the Leachate (mL)
Incubation Time (Days)
4 7 14 21 28 35 42
CK 530 ± 45 b 539 ± 55 579 ± 39 598 ± 287 625 ± 21 624 ± 82 633 ± 08 b
WB300 378 ± 63 a 459 ± 53 539 ± 23 577 ± 18 600 ± 22 598 ± 08 597 ± 11 a
WB600 377 ± 05 a 426 ± 55 488 ± 110 525 ± 64 570 ± 05 598 ± 10 578 ± 24 a
The values followed by the same superscript letters within a column are not significantly different (p > 0.05) between
the relevant treatments.
Figure 4. Cumulative leachate volume (VL) of treated samples (n = 3). Different letters above the bars
for day 42 indicate significant differences between the relevant treated samples (p < 0.05).
Incubation time (days)

























Figure 5. Cumulative concentration of dissolved organic carbon (DOC) for different treated samples
(n = 3).
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The cumulative quantities of NH4+-N and NO3−-N leached from the soil columns are illustrated
in Figure 6. WB300 remarkably reduced NH4+-N leaching by 30.5% relative to the control (69.6 mg).
Although the inhibitory effect of WB600 on NH4+-N leaching was relatively weak, it still reduced the
total quantity of NH4+-N leached from the soil by 10.6%, which was approximately one-third of that
observed for the WC300-treated sample. The WB300- and WB600-treatments reduced the quantities of
NO3−-N leached from the soil samples by 13.8% and 16.4%, respectively, compared with the control
(83.9 mg).
Incubation time (days)
























































Figure 6. Cumulative quantities of (a) NH4+-N and (b) NO3−-N leached from the soil columns (n = 3).
The cumulative quantity of inorganic N (summation of the quantities of NH4+-N and NO3−-N)
leached from the soil samples subjected to the different treatments differed significantly (Figure 7).
The control exhibited the highest quantity of inorganic N leached from the soil (154 mg), and the
WB300-treated sample exhibited the lowest quantity (33.3% lower than the control). Furthermore,
WB600 treatment decreased the quantity of inorganic N leached from the soil by 13.7% only.
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Figure 7. Cumulative quantity of inorganic N leached from the soil columns (n = 3).
Figure 8 displays the cumulative quantities of P leached from the soil columns. The total quantity
of P leached from the WB600-treated sample decreased significantly (68.0%) compared with that from
the control (12.2 mg). For the WB300-treated sample, the total quantity of P leached from the soil
decreased by 45.2%. Compared with the control, the WB300 and WB600 treatments reduced the total
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quantities of P leached from the soil by 29.71% and 7.70% (156 and 210 mg leached), respectively
(Figure 9).
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Figure 8. Cumulative quantity of phosphorus leached from the soil columns (n = 3).
Incubation time (days)























Figure 9. Cumulative quantity of potassium leached from the soil columns (n = 3).
4. Discussion
Compared with the original soil (control on day 0), the pH value of the fertilized soil decreased
from 6.8 to 6.1, which could be attributed to the acidic properties of the two fertilizers, namely
(NH4)2SO4 and Ca(H2PO4)2. The pH value of the control decreased to 4.6 on day 42, and those of the
WB300- and WB600-treated samples were considerably higher (Table 3). The results indicate that both
WB300 and WB600 could alleviate soil acidification. When biochar undergoes pyrolysis at a higher
temperature, it generally has a higher pH [42]. Singh et al. [43] revealed that the CaCO3 equivalence
of biochar increased with the pyrolysis temperature. Accordingly, the application of biochar could
engender liming effects. For biochar, a higher application rate or higher pyrolysis temperature could
increase the pH or alkalinity of the biochar-treated soil [11]. The alleviation effects of biochar on soil
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acidification could contribute to the retardation of the movement of several nutrients and pollutants
from soils to groundwater and lower water bodies.
Applying biochar could decrease the DB of a soil sample [13]. However, this phenomenon was
not observed in this study; a possible reason is that the reorganization of the soil structure for mixing
the materials and packing the soil columns neutralized the soil properties. A similar condition can be
achieved in the field through intensive tilling. For a less- disturbed sandy loam soil, the application of
biochar could improve the soil structure, increase the infiltration rate, and reduce runoffwater and soil
erosion, thus improving soil and water conservation [7,13,41]. The volumes of leachates increased
with repeated leaching for all treatments in this study. Although the differences in leachate volume
between the control and biochar-treated samples decreased gradually in this study, the biochar-treated
samples still retained a significantly higher amount of water in the soil columns on day 42 (Table 4).
The WB300 and WB600 treatments reduced the level of water loss by 9.2% and 13.7%, respectively.
Our results demonstrate that the biochar materials, particularly WB600, exhibited a strong ability to
conserve water in the soil samples when applied at a rate of 2%.
The OC contents in both of the biochars were much lower than that of other organic materials
commonly used in farmland. The biochar applications displayed significantly affect the SOC in the
WB300 treatment only in this study (Table 3). Accordingly, the effects of biochar on DOC leaching are
the results of the sorption of organic carbon onto the biochar, either within the pores of the biochar or
onto the external biochar surface [7]. The biochar-applied soils retained more water than the control
(Figure 4), as illustrated earlier, which could also contribute to DOC retention since DOC move down
and leach out from the soil column along with the soil water. Our results illustrated that the highest
amounts of DOC and leachate were found in CK indicating biochar addition could effectively retain
DOC in the soils. However, the highest DOC concentration (47.0 mg/L, DOC amount/leachate volume)
was found in the leachate of WB300 treatment indicated that biochar might release solube C components
into soil solution, particularly in biochar pyrolized with low temperatures [7,44]. The results implicated
that soluable C components onto the biochar itself might increase DOC concentration in output water
(runoff or eluate from soil pedon) duing rainfall events in the biochar-amended soils. The WB300
treatment revealed the efficiency of 9.2% for water retention and the lower efficiency of 6.5% for DOC
retention (Figures 4 and 5). Under WB600 treatment, the retention efficiencies were 13.7% for water
and a higher of 20.0% for DOC. This result indicates that WB600 had a stronger affinity to DOC than
WB300. Kasozi et al. [45] reported that the organic matter sorption onto biochar surfaces is kinetically
limited by slow diffusion into the subnanometer-sized pores dominating biochar surfaces. The various
organo-mineral interactions lead to aggregations of soil and organic materials, which stabilizes both
soil structure and the carbon compounds within the aggregates. Furthermore, the increase in the
diversity and density of carbon groups within WB300 biochar may result in the slightly increased SOC
but did not prevent the leaching of DOC as effective as the WB600 biochar.
Although the NH4+-N and NO3−-N concentrations in the soil columns were low on day 42
(Table 3), the WB300- and WB600-treated samples, especially the WB300-treated sample, exhibited
higher inorganic N concentrations than the control did. These results could be attributed to the high
surface area and diverse functional groups, such as carboxyl C, O-alkyl-C, and alkyl C, of WB300
(Figure 3). Obvious higher CEC was also fould in WB300 than in WB600 in this study indicating that
more NH4+-N and K could be retained in the soil treated with WB300, and which were demonstrated
by our results in Figures 6 and 9 [46,47]. Addtionally, improvement in soil physical properties such
as promotion of soil aggregation and increasing of water holding capacity might also bring positive
effects in nutrient leaching. Yoo et al. [31] suggested that increasing formation of aggregates by biochar
addition could effectively promoted retention of NO3−. Furthermore, they also indicated that increased
water holding capacity after biochar addition was also a factor to reduce N leaching.
Overall, both biochars can effectively reduce N leaching and provide a potential N source of
nutrient delivery to plants [48]. Agricultural non-point source (NPS) pollution is the leading source of
water quality impacts to rivers and lakes. Nitrogen from fertilizers, manure, waste and ammonia turns
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into nitrite and nitrate. High levels of these toxins deplete waters of oxygen, killing all of the animals
and fish. Nitrates also soak into the ground and end up in drinking water. Health problems can occur
as a result of this and they contribute to methemeglopbinemia or blue baby syndrome which causes
death in infants. Base on our results, application biochar might be a useful managememt practice
to reduce NPS pollution in watersheds, particularly in tropical/subtropical climate regions. In this
study, we measured the N losses through leaching. The N losses through denitrification and ammonia
volatilization, which may form NH3, N2, or N2O, were not accessed. As the soil was pH 6.8 and the
soil columns were nearly water-saturated during the experiment, we used acidic fertilizer, (NH4)2SO4
and Ca(H2PO4)2 intentionally to minimize ammonium volatilization.
Applying the biochar materials engendered only a slight increase in the available P in the soil
samples after the leaching experiment (Table 3). Both biochar materials, particularly WB600, could
retain soil P, according to the leaching results (Figure 8). This effect also resulted in the higher
concentrations of Ava. P in the soil samples after the experiment, as mentioned. P tends to precipitate
with Fe under acidic conditions. However, the application of the biochar materials increased the soil
pH, which could enhance the release of P. Therefore, the biochar materials were likely to have contained
numerous bonding sites or other co-precipitation elements, resulting in considerably higher P retention
efficiency levels compared with their water retention efficiency levels. During soil pH 4 to 6, increasing
of soil pH might unlock P “adsorbed on soluble and hydrous Fe/Al oxides” into an available form,
however, the unlocked P might be adsorbed again onto biochar to form a potential available form.
Our results was consistence with the resuld of Laird et al. [3] who indicated that biochar addition could
effectively reduce leaching of dissolved P in the soil column due to adsorption of orthophosphate and
adsorption of organic P compounds by biochar.
The Ex. K concentration was higher in the biochar-treated soil samples, particularly the
WB600-treated sample, than in the control at the beginning of the experiment; this could be attributed to
the high mobility of K in plant ash. A higher pyrolysis temperature may result in a higher concentration
of soluble K in biochar. However, the Ex. K concentrations did not differ significantly between the
samples on day 42. Both biochar materials considerably reduced the total quantity of K leached from
the soil samples. The efficiency levels of WB300 and WB600 in inhibiting K leaching were 29.7% and
7.7%, respectively. WB600 inhibited K leaching mainly through holding the soil solutions, and WB300
possibly had additional K sorption mechanisms mainly related to C functional groups.
Our results indicated that both WB300 and WB600 could effectively reduce the leaching of soil
water, DOC, NH4+-N, NO3−-N, P, and K. After incubation, not only nutrient concentration but also
leachate volume were found lower in biochar-treated soil compared with those in control (Table 4).
Reharding the strong water retention capacity of the biochar-treated soils, two possible reasons were
speculated, which were (1) high degree of evaporation (about 30 ◦C in average during summer in
southern Taiwan) for the soil column after water adding; therefore, the biochar treatments might
still effectively retain water after water addition; (2) the volume of adding water (700 mL) to the
soil column at each date still did not match the pore volume (~2000 cm3) of soil column; therefore,
the biochar treatments might still effectively retain water after water addition at day 7 and other dates.
Nutrient leaching could be inhibited through increased water retention. Moreover, the inhibitory
effect of the biochar materials on the mineralization of organic N, in terms of physical protection
of organic matter [7,40], can reduce the quantity of nutrients released and thus reduce subsequent
leaching. Our results reveal that WB300 exhibited a high NH4+-N and K (predominately cations)
retention efficiency, and WB600 exhibited a high water, DOC, and P (predominately anions) retention
efficiency. These results indicate that WB300 was negatively charged, which was most likely due to the
distribution of various carbon functional groups. Overall, the biochar-induced retention of soil water,
DOC, and nutrients could be considered to positively affect nutrient and water conservation and to
improve soil quality. Reducing the leaching of water, DOC, and nutrients from soils could conserve
groundwater and connected water bodies. Therefore, biochar application can benefit both soil and
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water conservation. Further research should be conducted to investigate whether these positive effects
can be extended to the field and to downstream water bodies at the catchment level.
5. Conclusions
The results of this study demonstrate that the incorporation of Honduran mahogany
(Swietenia macrophylla) wood sawdust biochar into sandy loam soil samples could improve soil health
by increasing the capacity of the soil to retain nutrients and reduce nutrient leaching. The biochar
materials applied in this study, particularly WB600, alleviated soil acidification. The incorporation of
the biochar materials considerably increased SOC, inorganic N (NH4+-N and NO3−-N), and ava. P
concentrations in the soil samples. The biochar application did not significantly affect DB or Ex. K in
the soil. Furthermore, the total volume of leachates and cumulative quantity of DOC, inorganic N, P,
and K leached from the soil samples decreased significantly in the biochar-treated samples. WB300
engendered the least quantities of NH4+-N and K, both of which are cations. Thus, WB300 could be
more negatively charged than WB600 because of its inhibitory effects on cation leaching. By contrast,
WB600 was likely to have a higher density of P-bonding sites, which resulted in a stronger inhibitory
effect on P leaching. Although the ability to retain various nutrients in soil differed with pyrolysis
temperatures, both biochar materials effectively contributed to the conservation of groundwater and
subsequent downstream water bodies. Increased retention of these nutrients in soils can increase
the probability of absorption by plant roots, thereby decreasing the risk of leaching into rivers or
groundwater reservoirs. In future studies, the on-site effects of biochar application on underground
and water bodies should be determined in terms of eutrophication and potential pollution, especially
for intensively fertilized cropped fields.
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Abstract: (1) Background: Cadmium (Cd) accumulated in vegetables not only affects their growth
but can also enter the human body via food chains and lead to various illnesses. Plants can decrease
the toxicity by changing the chemical forms of Cd, which include inorganic (FE), water-soluble (FW),
pectate- and protein-integrated (FNaCl), undissolved phosphate (FHAc), oxalate (FHCl), and residual
forms (FR). Among them, FE and FW chemical forms show higher mobility to translocate upward
from roots to shoots compared with the others. (2) Methods: Different varieties or cultivars of lettuce
and pak-choi were grown in Cd-contaminated soils amended with husk biochar (BC) to replenish
nitrogen to the recommended amount and also to raise the soil pH value. (3) Results: More than 73%
of the accumulated Cd in the edible organs was compartmentalized in FE chemical form in both leafy
vegetables regardless of treatments. In comparison with control, the application of BC decreased
the Cd concentrations and bioconcentration factors in the roots and shoots of two leafy vegetables
at different growth periods in general. The chemical form and bioaccessible fraction of Cd in the
edible blanching tissues were used to calculate the risk of oral intake. The vegetable-induced hazard
quotients of lettuce and pak-choi were acceptable, except for pak-choi grown in control without
applying BC.
Keywords: bioaccessibility; cadmium; chemical form; husk biochar; risk assessment
1. Introduction
Many illegal factories arbitrarily discharge wastewater into irrigation channels, where farmers
unknowingly draw contaminated water for paddy rice cultivation, causing many farmlands in Taiwan
to be contaminated with potential toxic elements (PTEs) [1]. If the total concentration of PTEs in the
soil is above the control standard stipulated by the Soil and Groundwater Pollution Remediation Act
(SGWPR Act) of Taiwan, crops should be removed to prevent human consumption [2]. However, when
the total concentration of PTEs in the soil is slightly above the monitoring standard and below the
control standard, crop safety must be emphasized, especially concerning the pathway of oral intake
of vegetables.
Cadmium (Cd), a non-essential PTE, is one of the most toxic substances to plants and animals
because it is easily transferrable from soil to plant [3,4]. The accumulation of Cd in the edible tissues of
crops poses serious concerns to the trophic risk of Cd transfer along a food chain [5]. Because of the
carcinogenic and adverse effects of Cd on biological processes, the International Agency of Research
on Cancer and the United States Environmental Protection Agency classified Cd into Group 1 and
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Class B, respectively [6]. Excessive concentration of Cd damaged mesophyll cells and epidermal
cells in wheats [7] and resulted in the reduction of photosynthesis and chlorophyll content [8,9].
Once the roots uptake PTEs, plants can decrease the toxicity of PTEs by cell wall deposition and
vacuolar compartmentation [10–13]. Cell walls are mainly composed of pectin, protein, cellulose, and
semi-cellulose [14], and functional groups in cell walls could restrict PTEs into the cytoplasm, which
prevents the protoplast from being poisoned [15].
The chemical forms can be of help in understanding the tolerance and mechanisms of PTE
detoxification in plants. These chemical forms include inorganic (FE), water-soluble (FW), pectate- and
protein-integrated (FNaCl), undissolved phosphate (FHAc), oxalate (FHCl), and residual (FR) forms [16,17].
Among them, FE and FW have high mobility and thus are easily translocated to other plant organs [18].
Many studies revealed that FNaCl was related to adjusting Cd stress in ramie, cabbage and American
pokeweed [18–20]. There was also a positive linear correlation between Cd concentration in the FNaCl
and FHAc forms, and that in the shoot, which revealed that chemical forms can be used to predict the
accumulation of Cd in the shoot [21].
Many soil amendments (e.g., compost, phosphate fertilizer, and organic matter) have been used for
remediation of PTE-contaminated soil [22,23]. For instance, Liu et al. [24] found that the co-application
of vermicompost and selenium could alleviate the Cd accumulation in rice. The presence of organic
matter redistributed the PTE to less-available forms and thus ameliorated its toxicity to plants [25].
The solubility of PTE is high in an acidic pH, whereas addition of lime and biochar (BC) can increase
the soil pH and thus can decrease the bioavailability [26–28]. Biochars are porous, low density, and
carbon-rich solid products from the pyrolysis of waste biomass. Xu et al. [29] revealed that adding
BCs to contaminated paddy soil improved the transformation of Cd from the acid-soluble fraction
to the oxidizing and residual fractions. BCs also had a great capacity to reduce the percentage of
inorganic and water-soluble fractions in lettuce roots grown in Cd-contaminated soil [30]. Additionally,
BCs mainly increased undissolved cadmium phosphate and thus increased the Cd accumulation in
pokeweed root [31].
In this study, different varieties or cultivars of lettuce and pak-choi were grown in soil dominantly
contaminated with Cd. Husk BC was applied to replenish nitrogen to the recommended amount and
to decrease the soil acidity. The objective of this study was to understand the effect of the application
of husk BC on the accumulation, translocation, and chemical forms of Cd in two leafy vegetables.
In addition, the vegetable-induced hazard quotient (HQv) was calculated via the chemical form and
artificial digestant extractable concentration of Cd in the blanched edible parts to assess the risk from
oral intake.
2. Materials and Methods
Experimental soil samples were collected from the surface layer (0–30 cm) of a Cd-contaminated
site in central Taiwan because the soil Cd resulted from the use of irrigation water mainly accumulated
in the top 30 cm [32]. Soil samples were air-dried, ground, passed through a 10-mesh stainless steel
sieve, and then homogenized before analysis. Their basic properties were then analyzed, including
pH [33], electrical conductivity (EC) [34], content of organic carbon (OC) [35], cation exchange capacity
(CEC) [36], texture [37], and total concentration of Cd, chromium (Cr), nickel (Ni), and zinc (Zn) [38].
Other soil samples were homogenized and used for a pot experiment. The total concentrations
of nitrogen, phosphorus, and potassium in the BC were analyzed in accordance with the methods
described by Bremner [39], Kuo [40], and Helmke and Sparks [41], respectively. Two treatments used
in this study were CK (control without applying biochar) and BC, which applied husk BC to replenish
nitrogen to the recommended amount. For lettuce and pak-choi, 46,920 and 98,000 kg/ha of BC was
applied, respectively. In total, 1.0 kg of soil samples or mixture was added to each pot, and seeds
of two pak-choi—Brassica chinensis L. var. Chinensis (PCC) and Brassica chinensis L. cv. Wrinkled
leaf (PCW)—and two lettuce—Lactuca sative L. cv. Chinese (LSC) and Lactuca sative L. var. Sative
(LSS)—were sown. The above vegetables were selected because of their importance in human diets [42]
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and they are the most commonly consumed leafy vegetables in Taiwan [43]. The pots were translocated
to a phytotron (25.1 ± 0.4 ◦C, relative humidity 61.2 ± 5.7%). Soil moistures were determined every
two to three days, and remained at 60–80% of water-holding capacity by replenished deionized water.
All leafy vegetables were harvested 35, 42, and 49 days (D35, D42, and D49) after sowing and
divided into roots and shoots. At this time, the shoot heights were measured and the chlorophyll
content of the largest extended leaf was determined using a Konica Minolta SPAD-502 and recorded as
SPAD (soil plant analyzer development) readings. Fresh plant tissues were rinsed with tap water and
then deionized water. To remove the adsorbed Cd, the roots were soaked in 20 mM of Na2-EDTA for
15 min. The Cd compartmentalized in different chemical forms in the shoots was analyzed using a
sequential extraction in accordance with the methods described by Lai [21]. Six chemical forms were
extracted in the following sequence, with the corresponding agents: inorganic Cd (FE) extracted by
80% alcohol, water-soluble Cd (FW) extracted by deionized water, pectate- and protein-integrated
Cd (FNaCl) extracted by 1 M NaCl, undissolved Cd phosphate (FHAc) extracted by 2% CH3COOH,
Cd oxalate (FHCl) extracted by 0.6 M HCl, and residual Cd (FR) digested with aqua regia. All the other
plant tissues were oven-dried at 65 ◦C for 72 h and then weighed (dry weight) before grinding (Rong
Tsong Precision Tech. Co., Taichung, Taiwan), and then digested with HNO3/HClO4 (v/v = 3/1). The
Cd concentration in the digestant was determined using a flame atomic absorption spectrophotometer
(FAAS, Perkin Elmer AAnalyst 200, Waltham, MA, USA).
Soil samples of different treatments were air-dried, ground, passed through a 10-mesh stainless
steel sieve, and then homogenized before analysis. The available concentration of Cd in the soils
was extracted with 0.1 N HCl [44] and 0.05 N EDTA [45]. A BCR sequestration extraction based
on the European Community Bureau of Reference [46] was also conducted to understand the Cd
distribution in the different fractions. These four fractions include the exchangeable fraction (F-I),
organic matter-bounding fraction (F-II), oxide-bounding fraction (F-III), and residual fraction (F-IV).
Statistical analysis was performed using the Statistical Package for the Social Sciences (SPSS,
Armonk, NY, USA). Analysis of variance (ANOVA) was used to test the effect of different treatments on
the different growth exhibitions and soil properties. The least significant difference (LSD) test was used
to compare the significant differences of pH, EC, available Cd concentration, Cd distribution in the
different fractions, four growth exhibitions, Cd concentration in the roots and shoots, bioconcentration
factor (BCF = ratio of root concentration to soil concentration), and transfer factor (TF = shoot
concentration to root concentration) between treatments (p < 0.05).
3. Results
3.1. Soil Properties
The total concentrations of Cd, Cr, Ni, and Zn were in the ranges of 10–13, 51–60, 126–146, and
61–68 mg/kg, respectively. For the four PTEs analyzed, only Cd and Ni were beyond the control
standard (Cd 5 mg/kg, Ni 130 mg/kg) of farmland based on the SGWPR Act of Taiwan and could
cause the samples to be regarded as Cd- and Ni-contaminated soils. However, only Cd accumulation
in the lettuce and pak-choi was discussed in this paper because of following reasons. First, the total
concentration of Cd was beyond not only the Canadian soil quality guideline (1.4 mg/kg) but also
the Soil Contamination Warming Limit (4 mg/kg) and Counterplan Limit (12 mg/kg) of Korea for
agricultural lands. Moreover, Cd has higher bioaccessibility in comparison with Ni [47] and is also the
only one PTE regulated by the Office of the Journal of the European Union [48] among four soil PTEs
analyzed in this study. The BC used in this study had very strong alkalinity and high EC. Its pH and
EC were 10.54 ± 0.06 and 1.82 ± 0.08 dS/m, respectively. Total concentrations of nitrogen, phosphorus,
and potassium in the BC were 0.24 ± 0.05%, 0.61 ± 0.10%, and 1.59 ± 0.09%, respectively. For the
four PTEs analyzed in this study, the BC only had 1.40 ± 1.99 and 10.42 ± 2.25 mg/kg of Cd and Zn,
respectively, and the total concentrations of Cr and Ni were not detectable.
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The application of BC was able to significantly increase the soil pH and EC in comparison with
CK. The BC treatments raised or significantly (p < 0.05) raised pH from 6.6–6.8 and 6.9–7.0 to 6.8–7.1
and 7.6–8.0 for the lettuce and pak-choi cultivated soils, respectively (Table 1). Because of the high EC
of BC, the soil EC also increased or significantly (p < 0.05) increased from 0.03–0.08 (CK) to 0.06–0.18
dS/m under the BC treatment.
Table 1. Effect of different treatments on the pH, electrical conductivity, two chemical agents extractable
Cd concentrations, and Cd’s distribution in the different fractions.








F-I F-II F-III F-IV
dS/m mg/kg %
PCC-CK 6.90 ± 0.15b 0.03 ± 0.00b 6.63 ± 0.24a 6.81 ± 0.25a 55.99 ± 0.39b 26.37 ± 0.23c 16.18 ± 0.22b 1.46 ± 0.04b
PCC-BC 7.93 ± 0.18a 0.12 ± 0.02a 6.98 ± 0.61a 7.03 ± 0.38a 64.67 ± 0.31a 26.61 ± 0.07c 7.63 ± 0.10c 1.08 ± 0.03c
PCW-CK 6.90 ± 0.20b 0.05 ± 0.01b 7.23 ± 0.68a 7.01 ± 0.39a 52.57 ± 0.34c 31.00 ± 0.10a 16.44 ± 0.17ab ND
PCW-BC 7.62 ± 0.46a 0.17 ± 0.06ab 6.91 ± 0.56a 6.27 ± 0.34b 51.93 ± 0.29d 29.91 ± 0.15b 16.56 ± 0.22a 1.60 ± 0.03a
LSC-CK 6.69 ± 0.11a 0.07 ± 0.02a 7.70 ± 0.62a 7.41 ± 0.85a 61.34 ± 0.27a 20.86 ± 0.19c 17.80 ± 0.23b ND
LSC-BC 6.81 ± 0.16a 0.16 ± 0.08a 7.00 ± 0.64a 6.82 ± 0.56a 37.70 ± 0.39d 45.26 ± 0.11a 17.04 ± 0.22c ND
LSS-CK 6.77 ± 0.11a 0.05 ± 0.01a 6.90 ± 0.88a 7.62 ± 0.30a 38.90 ± 0.28c 36.51 ± 0.32b 21.84 ± 0.16a 2.76 ± 0.05
LSS-BC 7.02 ± 0.23a 0.06 ± 0.00a 6.55 ± 1.18a 6.64 ± 0.94a 57.32 ± 0.44b 20.88 ± 0.12c 21.80 ± 0.25a ND
1 Mean ± standard deviation; ND: not detectable; The same lowercase letter indicates no significant difference
between treatments for the same soil property and the same leafy vegetable. 2 PCC, PCW, LSC, and LSS are Brassica
chinensis L. var. Chinensis, Brassica chinensis L. cv. Wrinkled leaf, Lactuca sative L. cv. Chinese, and Lactuca sative
L. var. Sative, respectively; CK: control without applying husk biochar; BC: applying 46,920 and 98,000 kg/ha of
husk biochar for lettuce and pak-choi, respectively. 3 F-I, F-II, F-III, and F-IV are exchangeable fraction, organic
matter-bounding fraction, oxide-bounding fraction, and residual fraction, respectively.
3.2. Soil Cd Fraction and Growth Exhibition
Even through the BC treatment raised the soil pH in comparison with CK, the soil Cd fractions
only slightly changed except for those of the lettuce. Regardless of treatments and crops, F-I was the
primary fraction of Cd in the soils, and accounted for 37–65% of the total concentration in general
(Table 1). In comparison with CK, the BC treatment significantly (p < 0.05) changed the Cd in F-I and
F-II of lettuce. For LSS treated with BC, the Cd proportion of F-I significantly (p < 0.05) increased, but
F-II significantly (p < 0.05) decreased compared with CK. For LSC treated with BC and in contrast
with CK, however, the Cd in the F-I significantly (p < 0.05) decreased and F-II significantly (p < 0.05)
increased. The BC treatment did not significantly change the Ni proportion in the different fractions
(detailed data not shown). F-IV was the primary fraction of Ni in general and accounted for 57–63% of
the total Ni in the soils. Besides sequence extraction, 0.1 N HCl and 0.05 N EDTA were used to extract
the available concentration of Cd and Ni in the soils. Approximately 58–68% and 56–69% of the total
Cd in the soils could be extracted by 0.1 N HCl and 0.05 N EDTA, respectively. Because most of the Ni
was presented in the F-IV fraction, 0.1 N HCl and 0.05 N EDTA only extracted 10–15% and 9–13% of
the total Ni in the soils, respectively. In comparison with CK, the BC treatment did not significantly
decrease the two chemical agents’ extractable Cd and Ni concentrations in the soils in general.
Compared to CK treatments, the root length, shoot height, shoot fresh weight, and SPAD reading
increased under BC treatment in general (Table 2). However, most of the differences were not statistically
significant. These results revealed that BC treatment promoted the growth of PCC in general.
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Table 2. The growth exhibitions (mean ± standard deviation) of pak-choi and lettuce grown in the
contaminated soils amended with or without applying husk biochar 1.
Growth
Exhibition
Pak-choi 2 Lettuce 2
PCC-CK PCC-BC PCW-CK PCW-BC LSC-CK LSC-BC LSS-CK LSS-BC
Root length (cm) 4.61 ± 1.49a 8.26 ± 3.52a 3.59 ± 0.20a 4.66 ± 0.95a 7.59 ± 1.30a 6.96 ± 0.21a 7.71 ± 0.45a 8.09 ± 1.38a
Shoot height (cm) 10.32 ± 2.75a 12.19 ± 0.67a 12.19 ± 0.94a 11.56 ± 1.79a 8.74 ± 0.38bc 7.58 ± 0.88c 15.47 ± 0.39a 17.99 ± 2.19ab
Shoot fresh weight
(g/plant) 0.48 ± 0.07a 1.03 ± 0.12a 0.51 ± 0.28a 0.78 ± 0.56a 0.52 ± 0.09c 0.90 ± 0.23b 0.35 ± 0.08c 1.51 ± 0.22a
SPAD reading 3 10.48 ± 1.70ab 7.84 ± 0.60c 9.71 ± 0.92bc 11.96 ± 1.14a 14.32 ± 1.97a 14.41 ± 1.74a 12.42 ± 0.50a 14.91 ± 0.30a
1 The same lowercase letter indicates no significant difference between treatments for the same leafy vegetable and
the same growth exhibition. 2 The meanings of abbreviations are the same as in Table 1. 3 SPAD reading: soil plant
analyzer development reading.
3.3. Cd Accumulation
The concentrations of PTEs in the lettuce and pak-choi at three different growth periods (D35,
D42, and D49) are shown in Figures 1 and 2. The Cd concentrations in the roots of LSC cultivars grown
in CK for 35–49 days were in the range of 3.1–11.0 mg/kg, which were 1.4 to 6.4 times higher than
that accumulated in the roots of LSS (Figure 1). In the shoots of different growing periods of lettuce,
LSC also accumulated higher concentrations of Cd compared with LSS. The Cd concentrations in the
shoots of LSC and LSS grown in CK of D35–D49 were in the ranges of 2.1–6.9 and 1.8–3.1 mg/kg,
respectively. The LSC accumulated higher concentrations of Cd both in roots and shoots compared
with LSS. Relative to LSS, the accumulated Cd concentrations in the edible parts of LSC were 1.7–3.5
times higher, which revealed that LSC can be regarded as a high-Cd-accumulation cultivar of lettuce.
The PCW cultivar accumulated higher concentrations of Cd in the roots and shoots in comparison
with PCC in general (Figure 2). The accumulated Cd concentrations in the roots of PCW and PCC
growing for D35–D49 were in the ranges of 6.6–32.3 and 2.9–12.7 mg/kg, respectively. In the shoots of
PCW and PCC, the Cd concentrations of D35–D49 were 3.4–8.9 and 3.4–7.8 mg/kg, respectively.
Figure 1. Effect of husk biochar treatment on the Cd accumulation in the roots and shoots of lettuce.
The meanings of abbreviations are the same as in Table 1. The same lowercase letter indicates no
significant difference between treatments for the same growth period.
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Figure 2. Effect of husk biochar treatment on the Cd accumulation in the roots and shoots of pak-choi.
The meanings of abbreviations are the same as in Table 1. The same lowercase letter indicates no
significant difference between treatments for the same growth period.
Except for LSS-D35, in comparison with CK, the BC treatments decreased or significantly (p < 0.05)
decreased the accumulation of Cd in the roots and shoots of lettuce (Figure 1) and pak-choi (Figure 2).
This phenomenon was especially true for the LSC variety, which had high accumulating capacity
compared with LSS. Relative to CK, the Cd concentrations accumulated in the roots and shoots
of LSC under BC treatments decreased 50–64% and 18–52%, respectively, in comparison with CK.
Whether treating with BC or not, higher Cd concentrations were found in the roots and shoots of
pak-choi compared with lettuce at different growth periods. Under the BC treatments, most of the
Cd concentrations in the roots and shoots of pak-choi decreased 24–77% and 16–60%, respectively,
in comparison with CK.
3.4. Chemical Form
According to the standard for the Tolerance of Heavy Metals in Plant Origin of Taiwan for leafy
vegetables, 0.2 mg/kg·FW, most of the Cd concentrations in the edible parts of lettuce and pak-choi
were beyond this standard if the water content of them was 90%. Whether treating with BC or not,
Cd was mainly compartmentalized in the FE chemical form in the shoots of lettuce and pak-choi.
Approximately 94–98% and 82–98% of the Cd accumulated in the shoots of lettuce and pak-choi,
respectively, were compartmentalized in the FE at D42–D49 (Figure 3).
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Figure 3. Effect of husk biochar treatment on the chemical form of Cd in the shoots of pak-choi and
lettuce. The meanings of treatments are the same as in Table 1. FE, FW, FNaCl, FHAc, FHCl, and FR are
inorganic, water-soluble, pectate- and protein-integrated, undissolved phosphate, oxalate, and residual
chemical forms, respectively.
4. Discussion
For the three different growing periods, the accumulated Cd in the edible parts of LSC and PCW
grown in CK were in the ranges of 4.5–6.9 and 8.2–8.9 mg/kg, respectively (Figures 1 and 2). These
values were 1.7–3.5 and 1.1–1.5 times higher than LSS and PCC, respectively. Further results revealed
that the accumulating capacity of Cd of LSC and PCW was stronger than LSS and PCC. Moreover, the
lettuce and pak-choi accumulated almost constant concentration of Cd in the edible parts regardless of
the growing period once planted in the Cd-contaminated soils. The experimental results of this study
are in agreement with Lai and Chen [49].
BCF was used to evaluate the accumulation of Cd in the edible parts of two leafy vegetables
at D49 (Table 3). BCFR and BCFS are the ratio of root and shoot concentration to soil concentration,
respectively. The LSC accumulated more Cd than LSS, and the BCFR of LSC at D49 was 6.1 and 2.6
times higher than LSS grown in CK and BC, respectively. All the BCFR and BCFS of lettuce grown in CK
were less than 0.9, and there was a 25–68% and 32–58% decrease in BCFR and BCFS, respectively, under
BC treatment in comparison with CK. Whether applying BC or not, the BCFS of LSC was 1.1–1.8 times
higher than that of LSS. This phenomenon reveals that LSC can accumulate higher Cd concentrations
in the edible parts and also shows higher risk through oral consumption than LSS.
The PCW accumulated more Cd than PCC, and the BCFR of PCW at D49 was 1.9 and 2.3 times
higher than PCC grown in CK and BC, respectively. All the BCFR and BCFS of pak-choi grown in CK
were less than 0.9, and there was a 27–55% and 45–50% decrease in BCFR and BCFS, respectively, under
BC treatment compared with CK. Even though the BCFR of PCW was higher than PCC, the BCFS of
PCW grown in different treatments was 57–75% that of PCC. This phenomenon reveals that the Cd
accumulated in the roots of PCW was not efficiently upwardly transferred to shoots and thus had
lower BCFS compared with PCC.
Besides BCF, TF was used to evaluate the transfer of Cd from roots to edible parts of lettuce
and pak-choi (Table 3). Approximately all the TF values of LSC and PCW, with higher BCFR and
BCFS under different growth periods and treatments, were below unity in general. For LSS and PCC,
however, TF values were higher than LSC and PCC, respectively, and were in the ranges of 0.3–1.8 and
0.4–2.1, respectively. Further results reveal that the Cd uptake by LSC and PCW grown in CK were
mainly accumulated in the non-edible parts, regardless of growing periods. However, the TF values of
LSS and PCC grown in BC at D42 and D49 reached 1.1–2.1. This result reveals that the accumulated
Cd would transfer to shoots more easily than the other two varieties, even grown in BC. Except for
LSS-D49, the BC treatment was efficient in increasing the TF of LSS and LSC in comparison with CK,
regardless of growth periods. This result revealed that even the BC decreased the accumulated Cd
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concentration in the roots; on the contrary, BC increased the upward translocation of Cd from roots to
shoots in two lettuce varieties because of Cd’s high mobility compared with other PTEs.
Table 3. The bioconcentration factor (BCF), transfer factor (TF), average daily dose (ADD), and hazard




Average Daily Dose 4
(ADDv; μg/kg·BW/day) Hazard Quotient (HQv)
4
ADDv-TC ADDv-CF ADDv-BF HQv-TC HQv-CF HQv-BF
PCC-CK 0.40 ± 0.17ab 0.57 ± 0.11a 1.43 ± 0.67a 0.66 0.002 0.15 7.88 0.02 1.73
PCC-BC 0.25 ± 0.06b 0.29 ± 0.14a 1.15 ± 0.64a 0.37 0.001 0.08 4.42 0.02 0.97
PCW-CK 0.78 ± 0.06a 0.82 ± 0.23a 1.06 ± 0.23a 0.60 0.019 0.13 7.16 0.22 1.57
PCW-BC 0.57 ± 0.40ab 0.37 ± 0.03a 0.65 ± 0.49a 0.29 0.004 0.06 3.43 0.05 0.75
LSC-CK 0.89 ± 0.40a 0.42 ± 0.07a 0.47 ± 0.37b 0.34 0.002 0.08 4.07 0.03 0.90
LSC-BC 0.28 ± 0.01b 0.18 ± 0.04b 0.64 ± 0.13b 0.20 0.004 0.04 2.41 0.05 0.53
LSS-CK 0.14 ± 0.06b 0.25 ± 0.04b 1.70 ± 0.49a 0.26 0.002 0.06 3.04 0.03 0.67
LSS-BC 0.11 ± 0.05b 0.17 ± 0.07b 1.53 ± 0.79a 0.29 0.002 0.06 3.46 0.03 0.76
1 The same lowercase letter indicates no significant difference between treatments for the same leafy vegetable. 2
The meanings of abbreviations are the same as in Table 1. 3 BCFR: ratio of root conc. to soil conc.; BCFS: ratio of
shoot conc. to soil conc.; TF: ratio of shoot conc. to root conc. 4 ADDv and HQv are vegetable-induced ADD and
HQ based on the total concentration, chemical form, and bioaccessible fraction of Cd, respectively.
In comparison with CK, the BC treatment did not have significant effects on changing the
0.1 N HCl and 0.05 N EDTA extractable Cd concentrations (Table 1), and also the chemical form
of Cd compartmentalized in the shoots of lettuce and pak-choi (detail data not shown). However,
the accumulated Cd concentration in the roots and shoots of lettuce and pak-choi grown under BC
treatment at different growth periods were decreased or significantly decreased (p < 0.05) compared
with CK (Figures 1 and 2).
Antoniadis et al. [50] reported that the vegetable-induced average daily dose (ADDv) and
vegetable-induced hazard quotient (HQv) can be calculated using Equations (1) and (2), respectively,
where Cp is the Cd concentration (mg/kg) in the edible parts of vegetables. The mean individual daily
vegetable consumption (MIDVC) in Taiwan during 2013–2016 was 0.133 kg/day based on the Report
on the Nutrition and Health Survey and vegetable calorie counts, which can be used to calculate Cd
intake daily per person from vegetables. The tolerable daily intake (TDI) of Cd set by the European
Food Safety Authority (EFSA) was 0.36 μg/kg·BW/day. Nonetheless, food was the dominant source
of Cd exposure of humans and accounts for approximately 90% of the intake [51]. Among all foods,









Blanching is the most common method in Taiwan for cooking leafy vegetables, and it also decreases
the concentration of PTE in thoroughly cooked vegetables. Based on the findings of Lam et al. [47],
approximately 50% of the Cd accumulated in the water spinach was leached into boiling water. In this
study, three methods based on total concentration (TC), chemical form (CF), and bioaccessible fraction
(BF) of Cd in the edible parts of vegetables were used to calculate the HQv. The FE and FW were
considered to have a higher mobility than other chemical forms and were easily leached into boiling
water. Therefore, the sum of the proportion of the other four chemical forms, i.e., FNaCl, FHAc, FHCl, and
FR, was used to calculate the HQv, coded as HQv-CF. Furthermore, approximately 32–55% (average is
44%) of the accumulated Cd in water spinach could be metabolized by in vitro digestive fluids [47],
which reveals that approximately 44% of the Cd is bioaccessible and can be absorbed by the human
body, coded as HQv-BF.
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Regardless of treatments, the HQv-TC, HQv-CF, and HQv-BF values of usedleafy vegetables at
D49 were in the ranges of 2.4–7.9, 0.01–0.3, and 0.5–1.8, respectively (Table 3). Because more than 73%
of the accumulated Cd was compartmentalized in the FE chemical form, which could be leached out of
vegetable tissues during blanching, the HQv-CF values were less than 0.3 in general. The application
of BC significantly decreased the HQv of pak-choi at D49, and the HQv-TC, HQv-CF, and HQv-BF was
20–89% in comparison with the CK. However, BC’s effect on the HQv of lettuce was contrary to that
of pak-choi because the HQv increased compared with CK. The HQv of lettuce and pak-choi used in
this study was lower in comparison with water spinach grown in artificially Cd-spiked soils with a
total concentration of 2.8–3.1 mg/kg [53]. According to the calculated results of HQv-CF and HQv-BF,
except for pak-choi grown in CK, oral intake of these four leafy vegetables has a low risk even though
the soil Cd concentration was 2 to 3 times beyond the control standard of farmland, i.e., 5 mg/kg, based
on the SGWPR Act of Taiwan.
5. Conclusions
Experimental results evidenced that the application of BC was able to increase the soil pH and
decrease the accumulation of Cd in the roots and shoots of leafy vegetables used in this study. The BCF
also decreased under BC treatment compared with control. However, BC’s effect on the upward
transfer of Cd from root to shoot was dependent on crop species. Because some of the accumulated
Cd in the vegetables will leach out of tissues during cooking, using total concentration of Cd in the
vegetables cannot actually reflect the real dose of Cd absorbed by the human body. Based on the HQv
calculation using the chemical form and bioaccessible fraction of Cd in the edible parts of blanched leafy
vegetables, all of the vegetables grown in the study soil had low risk through oral intake, especially
under BC treatment.
Author Contributions: Conceptualization and methodology, H.-Y.L.; sample analysis, K.-S.C. and C.-Y.P.;
writing—original draft preparation, K.-S.C. and C.-Y.P.; writing—review and editing, H.-Y.L. All authors have
read and agreed to the published version of the manuscript.
Funding: This research was funded by the Ministry of Science and Technology of the R.O.C. (Grant number MOST
108-2313-B-005-026) and by the Ministry of Education, Taiwan, R.O.C., under the Higher Education Sprout Project.
Acknowledgments: We would like to thank the students of the Soil Survey and Remediation Laboratory,
Department of Soil and Environmental Sciences, National Chung Hsing University, for their assistance during the
pot experiment and analysis.
Conflicts of Interest: The authors declare no conflicts of interest.
References
1. Hseu, Z.Y.; Su, S.W.; Lai, H.Y.; Guo, H.Y.; Chen, T.C.; Chen, Z.S. Remediation techniques and heavy metal
uptake by different rice varieties in metal-contaminated soils of Taiwan: New aspects for food safety
regulation and sustainable agriculture. Soil Sci. Plant Nutr. 2010, 56, 31–52. [CrossRef]
2. SGWPR Act (Soil and Groundwater Pollution Remediation Act). Available online: https://sgw.epa.gov.tw/en/
laws_policy/laws/458db6eb-5602-46b2-9471-745d58078aaf (accessed on 5 March 2020).
3. Di Toppi, L.S.; Gabbrielli, R. Response to cadmium in higher plants. Environ. Exp. Bot. 1999, 41, 105–130.
[CrossRef]
4. Chen, D.; Guo, H.; Li, R.; Li, L.; Pan, G.; Chang, A.; Joseph, S. Low uptake affinity cultivars with biochar to
tackle Cd-tainted rice—A field study over four rice seasons in Hunan, China. Sci. Total Environ. 2016, 541,
1489–1498. [CrossRef]
5. Ali, H.; Khan, E.; Ilahi, I. Environmental chemistry and ecotoxicology of hazardous heavy metals:
Environmental persistence, toxicity, and bioaccumulation. J. Chem. 2019, 2019, 1–14. [CrossRef]
6. Barraza, F.; Schreck, E.; Lévêque, T.; Uzu, G.; López, F.; Ruales, J.; Prunier, J.; Marquet, A.; Maurice, L.
Cadmium bioaccumulation and gastric bioaccessibility in cacao: A field study in areas impacted by oil
activities in Ecuador. Environ. Pollut. 2017, 229, 950–963. [CrossRef] [PubMed]
29
Water 2020, 12, 868
7. Kovacevic, G.; Kastori, R.; Merkulov, L. Dry matter and leaf structure in young wheat plants as affected by
cadmium, lead, and nickel. Biol. Plant. 1999, 42, 119–123. [CrossRef]
8. Liu, Y.T.; Chen, Z.S.; Hong, C.Y. Cadmium-induced physiological response and antioxidant enzyme changes
in the novel cadmium accumulator, Tagetes patula. J. Hazard. Mater. 2011, 189, 724–731. [CrossRef]
9. Xu, D.Y.; Chen, Z.F.; Sun, K.; Yan, D.; Kang, M.J.; Zhao, Y. Effect of cadmium on the physiological parameters
and the subcellular cadmium localization in the potato (Solanum tuberosum L.). Ecotox. Environ. Safe. 2013,
97, 147–153. [CrossRef]
10. Lasat, M.M.; Baker, A.J.M.; Kochian, L.V. Physiological characterization of root Zn2+ absorption and
translocation to shoots in Zn hyperaccumulator and nonaccumulator species of Thlaspi. Plant Physiol. 1996,
112, 1715–1722. [CrossRef]
11. Lasat, M.M.; Fuhrmann, M.; Ebbs, S.D.; Cornish, J.E.; Kochian, L.V. Phytoremediation of a
radiocesium-contaminated soil: Evaluation of cesium-137 bioaccumulation in the shoots of tree plant
species. J. Environ. Qual. 1998, 7, 165–169. [CrossRef]
12. Küpper, H.; Zhao, F.J.; McGrath, S.P. Cellular compartmentation of zinc in leaves of the hyperaccumulator
Thlaspi caerulescens. Plant Physiol. 1999, 119, 305–311. [CrossRef] [PubMed]
13. Ge, W.; Jiao, Y.Q.; Sun, B.L.; Qin, R.; Jiang, W.S.; Liu, D.H. Cadmium-mediated oxidative stress and
ultrastructural changes in root cells of poplar cultivars. S. Afr. J. Bot. 2012, 83, 98–108. [CrossRef]
14. Haynes, R.J. Ion exchange properties of roots and ionic interactions within root apoplasm: Their role in ion
accumulation by plants. Bot. Rev. 1980, 46, 75–99. [CrossRef]
15. Zhao, Y.F.; Wu, J.F.; Shang, D.R.; Ning, J.S.; Zhai, Y.X.; Shend, X.F.; Ding, H.Y. Subcellular distribution
and chemical forms of cadmium in the edible seaweed, Porphyra yezoensis. Food Chem. 2015, 168, 48–54.
[CrossRef] [PubMed]
16. Wu, F.B.; Dong, J.; Qian, Q.Q.; Zhang, G.P. Subcellular distribution and chemical form of Cd and Ca-Zn
interaction in different barley genotypes. Chemosphere 2005, 60, 1437–1446. [CrossRef]
17. Su, Y.; Liu, J.L.; Lu, Z.W.; Wang, X.M.; Zhang, Z.; Shi, G.G. Effects of iron deficiency on subcellular distribution
and chemical forms of cadmium in peanut roots in relation to its translocation. Environ. Exp. Bot. 2014, 97,
40–48. [CrossRef]
18. Fu, X.; Dou, C.; Chen, Y.; Chen, X.; Shi, J. Subcellular distribution and chemical forms of cadmium in
Phytplacca americana L. J. Hazard. Mater. 2011, 186, 103–107. [CrossRef]
19. Wang, X.; Liu, Y.G.; Zeng, G.M.; Chai, L.Y.; Song, X.C.; Min, Z.Y.; Xiao, X. Subcellular distribution and
chemical forms of cadmium in Bechmeria nivea (L.) Gaud. Environ. Exp. Bot. 2008, 62, 389–395. [CrossRef]
20. Qiu, Q.; Wang, Y.; Yang, Z.; Yuan, J. Effects of phosphorus supplied in soil on subcellular distribution and
chemical forms in two Chinese flowering cabbage (Brassica parachinensis L.) cultivars differing in cadmium
accumulation. Food Chem. Toxicol. 2011, 49, 2260–2267. [CrossRef]
21. Lai, H.Y. Subcellular distribution and chemical forms of cadmium in Impatiens walleriana in relation to its
phytoextraction potential. Chemosphere 2015, 138, 370–376. [CrossRef]
22. Garau, G.; Castaldi, C.; Santona, L.; Deiana, P.; Melis, P. Influence of red mud, zeolite and lime on heavy metal
immobilization, culturable heterotrophic microbial populations and enzyme activities in a contaminated soil.
Geoderma 2007, 142, 47–57. [CrossRef]
23. Cao, X.; Dermatas, D.; Xu, X.; Shen, G. Immobilization of lead in shooting range soils by means of cement,
quicklime, and phosphate amendments. Environ. Sci. Pollut. Res. 2008, 15, 120–127. [CrossRef] [PubMed]
24. Liu, N.; Jiang, Z.; Li, X.; Liu, H.; Li, N.; Wei, S. Mitigation of rice cadmium (Cd) accumulation by joint
application of organic amendments and selenium (Se) in high-Cd-contaminated soils. Chemosphere 2020, 241,
125106. [CrossRef] [PubMed]
25. Shuman, L. Organic waste amendments effect on zinc fraction of two soils. J. Environ. Qual. 1999, 28,
1442–1447. [CrossRef]
26. Egene, C.E.; Van Poucke, R.; OK, Y.S.; Meers, E.; Tack, F.M.G. Impact of organic amendments (biochar,
compost and peat) on Cd and Zn mobility and solubility in contaminated soil of the Campine region after
three years. Sci. Total Environ. 2018, 626, 195–202. [CrossRef]
27. Ahmad, M.; Rajapaksha, A.U.; Lim, J.E.; Zhang, M.; Bolan, N.; Mohan, D.; Vithanage, M.; Lee, S.S.; Ok, Y.S.
Biochar as a sorbent for contaminant management in soil and water: A review. Chemosphere 2014, 99, 19–33.
[CrossRef]
30
Water 2020, 12, 868
28. Moreno-Jiménez, E.; Esteban, E.; Carpena-Ruiz, R.O.; Lobo, M.C.; Rénalos, J.M. Phytostabilisation with
Mediterranean shrubs and liming improved soil quality in a pot experiment with a pyrite mine soil. J. Hazard.
Mater. 2012, 201–202, 52–59. [CrossRef]
29. Xu, C.; Chen, H.X.; Xiang, Q.; Zhu, H.H.; Wang, S.; Zhu, Q.H.; Huang, D.Y.; Zhang, Y.Z. Effect of peanut shell
and wheat straw biochar on the availability of Cd and Pb in a soil-rice (Oryza sativa L.) system. Environ. Sci.
Pollut. Res. 2017, 25, 1147–1156. [CrossRef]
30. Wang, Y.M.; Tang, D.D.; Zhang, X.H.; Uchimiya, M.; Yuan, X.Y.; Li, M.; Chen, Y.Z. Effects of soil amendments
on cadmium transfer along the lettuce-snail food chain: Influence of chemical speciation. Sci. Total Environ.
2019, 649, 801–807. [CrossRef]
31. Zhang, X.Y.; Zhang, Y.M.; Liu, X.Y.; Zhang, C.Y.; Dong, S.D.; Liu, Q.; Deng, M. Cd uptake by Phytolacca
americana L. promoted by cornstalk biochar amendments in Cd-contaminated soil. Int. J. Phytorem. 2019, 22,
251–258. [CrossRef]
32. Chen, Z.S.; Lee, D.Y. Evaluation of remediation techniques on two cadmium-polluted soils in Taiwan. In
Remediation of Soils Contaminated with Metals; Iskander, I.K., Adriano, D.C., Eds.; Science Reviews: Northwood,
UK, 1997; pp. 209–223.
33. Thomas, G.W. Soil pH and soil acidity. In Methods of Soil Analysis. Part. 3 Chemical Methods; Sparks, D.L.,
Page, A.L., Helmke, P.A., Loeppert, R.H., Soltanpour, P.N., Tabatabai, M.A., Johnston, C.T., Sumner, M.E.,
Eds.; SSSA Inc./ASA Inc.: Madison, WI, USA, 1996; pp. 475–490.
34. Rhoades, J.D. Salinity: Electrical conductivity and total dissolved solids. In Methods of Soil Analysis. Part 3.
Chemical Methods; Sparks, D.L., Page, A.L., Helmke, P.A., Loeppert, R.H., Soltanpour, P.N., Tabatabai, M.A.,
Johnston, C.T., Sumner, M.E., Eds.; SSSA Inc./ASA Inc.: Madison, WI, USA, 1996; pp. 417–435.
35. Nelson, D.W.; Sommers, L.E. Total carbon, organic carbon, and organic matter. In Methods of Soil Analysis. Part
3. Chemical Methods; Sparks, D.L., Page, A.L., Helmke, P.A., Loeppert, R.H., Soltanpour, P.N., Tabatabai, M.A.,
Johnston, C.T., Sumner, M.E., Eds.; SSSA Inc./ASA Inc.: Madison, WI, USA, 1996; pp. 961–1010.
36. Sumners, M.E.; Miller, W.P. Cation exchange capacity and exchange coefficients. In Methods of Soil Analysis.
Part 3. Chemical Methods; Sparks, D.L., Page, A.L., Helmke, P.A., Loeppert, R.H., Soltanpour, P.N.,
Tabatabai, M.A., Johnston, C.T., Sumner, M.E., Eds.; SSSA Inc./ASA Inc.: Madison, WI, USA, 1996;
pp. 1201–1229.
37. Gee, G.W.; Bauder, J.W. Particle-size analysis. In Methods of Soil Analysis. Part 1. Physical and Mineralogical
Method, 2nd ed.; Klute, A., Ed.; SSSA Inc./ASA Inc.: Madison, WI, USA, 1986; pp. 383–412.
38. EPA/Taiwan. Method Code No: NIEA S321.65B; Environmental Protection Administration of Taiwan ROC:
Taipei, Taiwan, 2018.
39. Bremner, J.M. Nitrogen–Total. In Methods of Soil Analysis. Part 3. Chemical Methods; Sparks, D.L., Page, A.L.,
Helmke, P.A., Loeppert, R.H., Soltanpour, P.N., Tabatabai, M.A., Johnston, C.T., Sumner, M.E., Eds.; SSSA
Inc./ASA Inc.: Madison, WI, USA, 1996; pp. 1085–1121.
40. Kuo, S. Phosphorus. In Methods of Soil Analysis. Part 3. Chemical Methods; Sparks, D.L., Page, A.L.,
Helmke, P.A., Loeppert, R.H., Soltanpour, P.N., Tabatabai, M.A., Johnston, C.T., Sumner, M.E., Eds.; SSSA
Inc./ASA Inc.: Madison, WI, USA, 1996; pp. 869–919.
41. Helmke, P.A.; Sparks, D.L. Lithium, Sodium, Potassium, Rubidium, and Cesium. In Methods of Soil
Analysis. Part 3. Chemical Methods; Sparks, D.L., Page, A.L., Helmke, P.A., Loeppert, R.H., Soltanpour, P.N.,
Tabatabai, M.A., Johnston, C.T., Sumner, M.E., Eds.; SSSA Inc./ASA Inc.: Madison, WI, USA, 1996; pp. 551–574.
42. De Medici, D.; Komínková, D.; Race, M.; Fabbricino, M.; Součková, L. Evaluation of the potential for caesium
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Abstract: This study aimed to investigate the Hg removal efficiency of iron sulfide (FeS), sulfurized
activated carbon (SAC), and raw activated carbon (AC) sorbents influenced by salinity and dissolved
organic matter (DOM), and the effectiveness of these sorbents as thin layer caps on Hg-contaminated
sediment remediation via microcosm experiments to decrease the risk of release. In the batch
adsorption experiments, FeS showed the greatest Hg2+ removal efficiencies, followed by SAC and AC.
The effect of salinity levels on FeS was insignificant. In contrast, the Hg2+ removal efficiency of AC
and SAC increased as increasing the salinity levels. The presence of DOM tended to decrease Hg
removal efficiency of sorbents. Microcosm studies also showed that FeS had the greatest Hg sorption
in both freshwater and estuary water; furthermore, the methylmercury (MeHg) removal ability of
sorbents was greater in the freshwater than that in the estuary water. Notably, for the microcosms
without capping, the overlying water MeHg in the estuary microcosm (0.14−1.01 ng/L) was far lesser
than that in the freshwater microcosms (2.26−11.35 ng/L). Therefore, Hg compounds in the freshwater
may be more bioavailable to microorganisms in methylated phase as compared to those in the estuary
water. Overall, FeS showed the best Hg removal efficiency, resistance to salinity, and only slightly
affected by DOM in aqueous adsorption experiments. Additionally, in the microcosms, AC showed
as the best MeHg adsorber that help inhibiting the release of MeHg into overlying and decreasing
the risk to the aqueous system.
Keywords: mercury; methylmercury; salinity; sediment; remediation
1. Introduction
Mercury (Hg) has been known as a global contaminant due to the characteristics of long-range
transport in the atmosphere, persistence in the environment, bioaccumulation in the food chain, and adverse
effects in human health and ecosystem [1]. The increased accumulation of Hg compounds in sediment may
cause the high possibility of Hg being transformed to methylmercury (MeHg) by organisms, which is a
neurotoxic compound occurred under anoxic conditions [2–5]. The bioaccumulation and biomagnification
of MeHg via food chain transfer may pose a high risk to human through fish consumption [6,7].
Therefore, the strategies for sediment remediation are needed to decrease the Hg contaminant release
and the possibility of direct or indirect contact with benthic organisms and water surface.
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In-situ capping is a feasible approach to remediate contaminated sediment. The main approach is
to allow the sediment left in place but decreasing the chance of further contamination from resuspension
of contaminants by the capping layer. This technique could decrease the need for handing sediment
and decrease the potential of exposure and consequential spills of sediment. The cost is relatively
low as compared to traditional dredging and excavation. Thin layer capping may refer as active
capping, which involves a chemically reactive material placing in the subaqueous to sequestrate
the emission of contaminants from sediment and decrease the bioavailability, mobility, and toxicity
of contaminants [8]. Owing to the physical and chemical sorption properties of reactive materials,
the amount of sorbents needed and the thickness of the capping layer to achieve the considerable
results are lesser as compared to traditional capping [8]. Besides, remediation technology not only
decreases the cost, but also minimizes the exposure of benthic organisms to contaminated sediment
and decreases the ecological risk associated with contaminated sediments [9].
The active materials may carry a series of reactions to remove contaminants, adsorption,
absorption, and precipitation of contaminants and shift them from the aqueous phase to a solid.
It works by increasing the contaminated-solid partition coefficient and extend the isolation time before
contaminant breaking through the capping layer. A wide variety of active materials are applied
and preferred according to the specific conditions of the remediation site. Carbonaceous materials
such as activated carbon (AC), biochars, and surface-modified black carbon could effectively decrease
organic contaminants and immobilize Hg. AC has several functional groups such as carboxyl, lactone,
and phenolic groups. With its high specific surface area, AC has the potential to be an option for
remediation of organic pollutant and Hg-contaminated sites [10–12].
Sulfurized activated carbon (SAC) is generally formed by heating the carbon in the presence
of elemental sulfur [13,14] or sulfurous gases [15,16]. SAC provides sulfur-containing functional
groups, which show high affinity for Hg compounds to form mercuric sulfide at the surface. Hence,
SAC has been verified to further enhance the adsorption capacity of Hg as compared to untreated AC
in aqueous adsorption tests [17].
Iron sulfide (FeS) minerals have been widely applied for Hg immobilization on account of the high
affinity to Hg ions [18–22]. The mercuric sulfide (HgS) is a stable compound and hardly soluble with
a low solubility product constant (Ksp) of 2 × 10−54 for red cinnabar [23] and 4 × 10−54 for black
metacinnabar [24,25]. Additionally, FeS can effectively immobilize other divalent metals such as Cd2+,
Co2+, Zn2+, and Ni2+ through adsorption and coprecipitation [26,27].
The objective of this research attempts to decrease the release of both ionic Hg (Hg2+) and MeHg
from sediment to surface water and minimize the negative impacts of Hg contamination on the ecological
environment with in-situ thin-layer capping practice, which has been shown to have potentials to
decrease Hg contamination in sediment. However, previous application of in-situ capping was primarily
focused on systems like contaminated river and lake sediment, there is few studies correlated with
wetland and estuary, which are complex systems and effected by tidal flow. Besides, the knowledge
of capping material’s stability is still limited and easily affected by environmental factors. Therefore,
it is necessary to investigate the influence of these environmental factors, such as salinity and dissolved
organic material (DOM), on the Hg sorption effectiveness of active capping materials. AC, SAC,
and FeS were examined as the capping materials because of their potentially suitable physicochemical
properties for Hg sorption. In this study, both aqueous batch sorption experiments and lab-scale
vertical up-flow microcosms were conducted to comprehend the impact of environmental factors on
the stability of materials and applicability to Hg-contaminated sediment.
2. Materials and Methods
The test sediment was collected from a Hg-contaminated seawater pond in China Petrochemical
Development Corporation, An-Shun, Tainan city, Taiwan, designated as An-Shun site. The sediment
within 0-15 cm depth was collected using a stainless crab bucket. For the sediment pretreatment
procedures, the sediment was air dried in a hood, and the branches and benthic biotas were removed.
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The sediment was grounded and sieved through a 20-mesh screen to obtain homogenized sediment.
After pretreatment, the sediment was stored at room temperature and covered with a black plastic bag.
Three kinds of sorbents were tested in the experiments. Commercial coconut-shell AC was obtained
from Li Jing Viscarb Co. Ltd., Taiwan and sieved to obtain a size range from 18 to 30 mesh. Sieved AC
was dried in an oven at 105 ◦C for 24 h. To obtain SAC, the commercial AC was pretreated with
elemental sulfur following the protocol described in Hsi et al. [28]. The prepared SAC had the size range
and pretreatment conditions the same as the AC and has been examined in our previous study [29].
FeS was purchased from Sigma-Aldrich.
2.1. Physicochemical Properties of Sorbents and Sediment
The physical properties of AC, SAC, and FeS were determined by using a physisorption analyzer
(Micromeritics ASAP 2420, Norcross, GA, USA) based on the N2 adsorption-desorption isotherm at
77K. The Brunauer-Emmett-Teller (BET) equation was used to determine the specific surface area
based on ASTM D6556-10 [30], and the micropore surface area and volume were calculated by using
the t-plot method by using the Jura–Harkins equation: t = [13.99/(0.034 − log(p/p0)]0.5 [31].
Elemental analyses were conducted to measure the contents of elements including N, C, S,
H (Elementar Vario EL cube, Langenselbold, Germany), and O (Thermo Fisher Flash 2000, Waltham,
MA, USA) for AC and SAC. The water content of air-dried sediment was measured by the weight
method based on the Taiwan Environmental Protection Administration (TEPA) standard method
(NIEA S280.62C). Sediment pH value with 1:1 sediment to H2O ratio was measured by pH meter
(Suntex SP-2300, New Taipei City, Taiwan) based on TEPA standard method (NIEA S410.62C). Sediment
texture was measured by using the bouyoucos hydrometer method [32]. Sediment organic carbon (OC)
content was measured by Walkley-Black wet oxidation [33]. Sediment cation exchange capacity (CEC)
was measured by the ammonium acetate method based on the TEPA standard method (NIEA S201.61C).
Detailed descriptions pertaining to characterizing the physical and chemical properties of sampled
sediment can be found in Supplementary Material.
2.2. Aqueous Batch Sorption Experiment
The following steps were conducted in each aqueous batch sorption experiment:
2.2.1. Preparation of Hg Stock Solution
A serial dilution of Hg standard solution was made to the intended concentrations using analyzed
reagent-grade Hg standard (1000 μg/mL dilute in nitric acid; Ultra Scientific), and adjust the pH value
of the solution to 7.0 for various dosage and Hg concentration experiments. In contrast, the pH value of
artificial waters was measured to be 7.6, 8.2, 8.3 for freshwater, estuary water, and seawater conditions,
respectively, determined by the ions present (Table S1) to evaluate the effect of salinity and DOM on
Hg adsorption. 0.1 M HNO3 or 0.1 M NaOH were used to adjust the pH of solutions.
2.2.2. Sample Preparation
(1) The Hg stock solution of 50 mL was injected into the glass bottles.
(2) The intended dosage of sorbents was added into the glass bottles and sealed with a rubber plug
and aluminum cap.
(3) The bottles were collected, including the samples of triplicate plus the blank.
2.2.3. Adsorption Process
The samples were put into the reciprocating water bath shaker and shaken at 130 rpm at 30 ◦C for
24 h to achieve an adsorption equilibrium.
In order to determine the suitable dosage of sorbents in the following experiments, the dosages 5,
10, 15, 20, 25, 30, 40 and 50 mg were tested with the Hg concentration of 74 μg/L in 50 mL solution.
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To determine the adsorption isotherms of sorbents, 4.3, 25, 56, and 135 μg/L Hg2+ were tested with
20 mg of sorbents in 50 mL solution.
In order to study the influence of salinity on Hg removal, the Hg2+ solutions (Hg
concentration = 197.1 ± 10 μg/L) with three different salinity levels of artificial waters were tested
in this study, including freshwater (pH = 7.6 ± 0.1), estuary water (pH = 8.2 ± 0.1), and seawater
(pH = 8.3 ± 0.1). The compositions of freshwater and seawater are listed in Table S1. The freshwater
was prepared according to Lewis et al. [34]; the seawater was prepared according to Kester et al. [35].
The estuary water was prepared by mixing fresh water and seawater at a 1:1 volume ratio.
The concentrations of ion species listed in Table S1 were confirmed by ion chromatography (Metrohm
792 Basic IC, Herisau, Switzerland). Hg(II) species at various salinity levels were simulated by using
MINTEQ 3.1 and listed in Table S2.
To evaluate the effect of DOM on sorbents’ Hg removal efficiency, the DOM solution was prepared
by humic acid (HA, Sigma Aldrich, Saint Louis, MO, USA). HA of 10 mg was dissolved in ultrapure water
and pre-adjusted to pH 7 by 0.1 M NaOH. The solution was stirred for 1 h to promote fast dissolution,
and then filtered through a 0.2 μm mixed cellulose ester filter (DISMIC-25AS, Toyo Roshi Kaisha, Tokyo,
Japan). The filtrate was collected and stored at 4 ◦C refrigerator before using. The actual concentration
of DOM was verified by a Total OC analyzer (OI Analytical Aurora 1030W, College Station, TX, USA).
The DOM was controlled at a concentration of approximately 2.5 mg-C/L and the Hg concentration is
196.2 ± 5 μg/L.
2.2.4. Preservation of Sample and Analysis
(1) Each sample was preserved with 0.5% BrCl2 and estimated by cold vapor atomic fluorescence
spectroscopy (CVAFS; Brooks Rand Automated Total Mercury System, Seattle, WA, USA).





where R (%) is the Hg removal efficiency of sorbents, C0 (ng/L) is the initial Hg concentrations
detected in blank solution, and Ct (ng/L) is the concentration of remaining Hg at any time.






where qe is the equilibrium Hg adsorption capacity (mg/g) and Ce is the equilibrium Hg concentration
(μM). The calculated values of KD were listed in Table S3.
2.3. Laboratory Microcosm Experiments
The microcosm was established according to Ting et al. [17] with modifications. Vertical up-flow
columns were used to stimulate the release of Hg compounds and examine the efficiency of sorbent
cappings on Hg sequestration (Figure 1). The dimensions of the column with an internal height of 15 cm
and an internal diameter of 6 cm with glass fiber at the bottom. To investigate how the Hg-contaminated
estuary sediment affected by salinity and to understand the stabilizing efficiency of AC, SAC, and FeS
cappings, two systems, the freshwater and estuary systems, were set up. Each of the four columns
contained 300 g of dried Hg-contaminated sediment from the An-Shun site. The total number of
column is 8. Column A was capped with AC (9 g; i.e., 3 wt% AC added); column B was capped with
SAC (9 g; i.e., 3 wt% SAC added); column C was capped with FeS (9 g; i.e., 3 wt% FeS added); column
D was without capping as the control unit.
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Figure 1. The diagram of vertical up-flow microcosms construction.
To start up the microcosms, dried Hg-contaminated sediment was firstly added into the column,
filled with waters and waited for 24 h to settle. The microcosms were activated to circulate the waters
in the column for sediment acclimation and stabilization, and counted as the operation day 1.
The capping materials were applied on day 25. The total volume of water used for each experiment
was 1.5 L. The water first entering into the bottom of the column was referred as inflow, then vertically
moved upwards to fill the column, and then discharged through the outlet. The effluent water were
stored in a temporary buffer tank and recirculated into the bottom of column in a closed system by
using a peristaltic pump (Lead Fluid BT100S, Hebei, China) to maintain a flow rate of 1 mL/min.
The reason that the effluent water was recirculated back to the microcosm column is to establish
the mass balance of THg partitioning in various phases (i.e., sediment, capping material, overlying
water) in a closed system and evaluate the THg accumulation ability of the various capping materials.
Periodic sampling was in progress while the microcosms were in operation. Each time, 100 mL
of water sample was collected from the tube of outflow. After that, the temperature, pH (SunTex
SR-2300, New Taipei City, Taiwan), dissolved oxygen (DO; Extech EXStik DO600, Nashua, NH, USA),
electrical conductivity (EC; Taina EZDO 6021, Taichung, Taiwan), oxidation reduction potential (ORP;
SunTex SR-2300, New Taipei City, Taiwan), trace metals concentration, total Hg (THg), MeHg, DOM,
and anions were analyzed. The temporary buffer tank was then refilled with the artificial waters to
maintain a constant water amount.
To measure the trace compound concentration, including metals, THg, MeHg, DOM,
and anions, the water samples were filtered with 0.45 μm mixed cellulose ester filter (DISMIC-25AS,
Toyo Roshi Kaisha, Tokyo, Japan). Trace metals were determined by Inductively couple plasma optical
emission spectrometry (Agilent 700, Santa Clara, CA, USA) after the sample was acidified with 0.15%
HNO3. Water samples for THg analysis were preserved by adding 0.5% BrCl2 solution and stored
in 20 mL glass bottles. THg in sediment and water was analyzed following the USEPA Method
1631 and NIEA W331.50B protocols by using CVAFS. The water samples were preserved by adding
0.2% HCl and stored in 20 mL amber glass bottles in MeHg analysis. MeHg in sediment and water
was analyzed following the USEPA Method 1630, NIEA W341.60B and NIEA W540.50B procedures
by using gas chromatography/CVAFS (Brooks Rand MERX Integrated Automated MeHg Analyzer,
Seattle, WA, USA).
Recovery of Hg in the microcosm system was evaluated based on the Hg concentration in overlying
water, cap materials, and sediment. To determine the Hg concentration in cap materials and sediment,
digestion was first conducted in a microwave system (Ethos 1600, Milestone, Shelton, CT, USA) with
a power setting of 800 W (USEPA method 3051a). After digestion, the THg (μg/mg) in the solid
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phase was determined using CVAFS (USEPA method 245.7). QA/QC of data were confirmed based
on Hsu et al. [29] and Wang et al. [36]. The recovery values for the QC samples of sediment of THg
(NIST 2709a, 0.9 mg/kg) and MeHg (SQC-1238, 10 μg/kg) were 98.6 and 90.0%, respectively. For spiked
sediment, the recovery values of THg and MeHg were 94.8 and 95.2%, and were 107.1 and 101.4% for
water, respectively. The coefficient of determination (R2) of CVAFS for the aqueous Hg was regularly
kept larger than 0.998, the recovery was within 96.2–120%, the precision was within 0.04–5.60%.
2.4. Statistical Analysis
A one-way ANOVA, followed by a least significant difference (LSD) test (p < 0.05), was used
to determine the significance differences among microcosm tests with various capping materials
(IBM SPSS statistics).
3. Results and Discussion
3.1. Physicochemical Properties of Sorbents
The physical and chemical properties of the three test sorbents, AC, SAC, and FeS, were summarized
in Table 1. Because FeS is a non-porous mineral, its surface area and pore volume were much smaller
than those of AC and SAC. Elemental analyses of AC and SAC showed that the oxygen and sulfur
contents in SAC were increased after impregnation of sulfur on AC, hence SAC should be more
favored for Hg2+ uptake because sulfur-containing groups on SAC had high affinity towards mercuric
sulfide formation. The oxygenated groups are also known beneficial for Hg adsorption. The increase
in the oxygen content after sulfur impregnation could be due to the reaction of S with C to form
vaporized CS2 evolved from the SAC surface.
Table 1. The physicochemical properties of sorbents.
SBET (m
2/g) * SMicro (m
2/g) * VTotal (cm
3/g) * Vmicro (cm
3/g) *
AC 1024.1 634.1 0.540 0.284
SAC 903.3 528.9 0.502 0.267
FeS 2.811 0.356 0.04 -
C (%) H (%) O (%) N (%) S (%)
AC 78.3 1.61 7.72 0.791 0.672
SAC 74.9 1.80 13.8 0.36 5.75
FeS - - - - 36.4
* SBET: specific BET surface area; SMicro: micropore area; VTotal: total pore volume; Vmicro: micropore volume.
3.2. Aqueous Batch Adsorption Experiment
3.2.1. The Effects of the Sorbent Dosage
The influence of sorbent dosage on Hg removal has been investigated to find out the appropriate
dosage of sorbents as a basis for subsequently study. The sorbent dosage determines the sorption
capacity of sorbents for a given concentration of Hg2+ because it controls the sorbent-sorbate equilibrium
of a system [37]. The effects of sorbents dosage on Hg sorption were studied in the dosage range of
5−60 mg in 50 mL Hg2+ solution. The results of AC, SAC, and FeS dosage are presented in Figure 2,
and all experimental data are performed in triplicate. The Hg sorption capacity of AC first increased
and then decreased as the Hg removal efficiency increased, due to the increment of AC dosage would
provide more sorption active sites to take up Hg in a fixed Hg2+ initial concentration. The SAC
and FeS showed a similar tendency as AC. Based on the result, the suggested optimum dosages
for AC, SAC and FeS at a fixed initial concentration of Hg2+ were 30, 10, and 10 mg, respectively.
Owning to Hg removal efficiency may be affected by both the properties and dosage of sorbents,
the normalization and comparison of different types sorbents in the same mass benchmark were
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needed. Therefore, the appropriate dosage of sorbents was determined as 20 mg for the subsequent
experiments in this research.
Figure 2. Effect of (a) AC; (b) SAC; (c) FeS dosage on Hg removal efficiency.
3.2.2. Effect of Initial Concentration of Hg2+
The batch experiments were tested within the initial concentration of Hg2+ from 5 to 135 μg/L
using a diluted standard Hg2+ solution. The Hg sorption capacity of sorbents and the initial Hg2+
concentration is shown in Figure 3. The experimental results showed that the Hg sorption capacity
of sorbents increased with the increment of the initial concentration of Hg2+, with linear adsorption
behaviors within the test concentration range. The FeS could maintain a high Hg removal efficiency
of up to 90% in the range of the initial concentration of Hg2+ given, which illustrates that FeS is an
excellent sorbent for Hg removal followed by SAC and AC.
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μ
Figure 3. Hg sorption at different Hg2+ concentrations.
3.2.3. Effect of Salinity
The salinity level of water in the Hg-contaminated site may affect the Hg removal ability of sorbents.
Thereby, three artificial synthetic waters, including freshwater, estuary water, and seawater with
different salinity levels, were prepared to study the effects of salinity on Hg removal ability of sorbents.
The Hg removal efficiency of sorbents for each water system are presented in Figure 4, indicating that
FeS had the largest Hg removal efficiency, followed by SAC and then AC. From the lowest salinity
(freshwater) to the highest salinity level (seawater), the Hg removal efficiency increased for both AC
and SAC. Although the effect of salinity levels on FeS was insignificant, the Hg removal efficiency of
FeS was still the highest as compared to AC and SAC. The calculated KD values are listed in Table S3,
which shows that KD values increased as the salinity increased. FeS also performed the largest KD
values, followed by SAC and then AC.
Figure 4. Comparison of various salinity levels affecting the sorbents’ Hg removal.
Notably, our results were contrary to those in previous studies, which have shown that a high
level of salinity may decrease the removal efficiency of Hg by sorbents [38,39]. The previous studies
have demonstrated that an increase in NaCl concentration would decrease the sorption efficiency of
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AC and kaolin. However in our research, the different salinity levels were prepared by adding various
salts to form the artificial waters. Hence, the complexation and species of Hg in this study may be more
complicated than the cases with only presence of NaCl. Table S2 displays the simulated speciation
of Hg(II) compounds, indicating that the fraction of Hg(OH)2 in the freshwater system (i.e., 95.97%)
was significantly higher than that in both systems of estuary water (i.e., 0.094%) and seawater
(i.e., 0.014%). Hg(OH)2 has been reported that it could easily decompose to the elemental form as Hg0,
Hg0 is more difficult to be captured from the water solution than other oxidized form because of
its extremely low solubility (i.e., 5.6 × 10−5 g/L) [29]. Additionally, Thiem et al. [40] showed that
the addition of calcium ion would enhance Hg removal of AC. They speculated that the calcium ion
may react with the surface group on AC to form a new adsorption site, leading to an increment of
Hg removal capacity in the solution. Besides, according to the KD values, the increase of salinity
has a positive effect on the partition behavior of aqueous Hg to the adsorbent; furthermore, FeS has a
fabulous capability for converting Hg from the liquid phase to the solid phase.
3.2.4. Effect of Dissolved Organic Matter on Hg Sorption at Various Salinity Levels
DOM is widely spread in environments and may control a number of essential processes relevant
for Hg cycling. In this study, artificial waters with a DOM concentration of 2.6 mg-C/L was prepared
with three salinity levels, and the results are shown in Figure 5. For the addition of DOM to the salinity
test, the Hg removal by sorbents was relatively decreased as compared with those in the salinity test
(Figure 4). In freshwater system, the sorption capacity of AC, SAC, and FeS was decreased from
286 to 137 ng/mg, 384 to 270 ng/mg, and 431 to 287 ng/mg, respectively. As for the estuary system,
the sorption capacity of AC, SAC and FeS was decreased from 401 to 286 ng/mg, 408 to 366 ng/mg,
and 441 to 403 ng/mg, respectively. While the sorption capacity of AC, SAC, and FeS were decreased
from 355 to 302 ng/mg, 400 to 322 ng/mg, and 427 to 363 ng/mg in the seawater system, respectively
(Figure 6). In Table S3, KD values also decreased significantly with the presence of DOM. Therefore,
DOM may inhibit the Hg adsorption by complexation mechanism because it can compete with sorbents
and complex with Hg2+ [41–44]. Hg2+ may form complex with organic thiol groups in DOM [45,46].
The phenolic hydroxyl groups in DOM may also complex with Hg easily to form a stable chelate that
restrained the Hg adsorption [47].
Figure 5. Comparison of the Hg sorption capacity at various salinity levels affected by DOM.
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Figure 6. Comparison of the influence of various salinity levels and DOM on Hg sorption capacity
in the aqueous batch experiments.
3.3. Laboratory Microcosm Experiments
3.3.1. Physicochemical Properties of Sediments Used in Microcosm Experiments
The physicochemical properties of the An-Shun site sediment are summarized in Table 2. The pH
value of the sediment was about 7.5, slightly alkaline due to the estuary water system of that region.
The slightly alkaline condition may favor to immobilize and decrease the toxicity of most metals
as they may precipitate in the alkaline environment. The OC content in the An-Shun site sediment
was about 0.8 wt%, which was relatively low when compared to other sediments. The organic matter
in the sediment may potentially affect the interaction between pollutants and sediment. The sand,
silt and clay contents of the sediment were 71.4, 14.3, and 14.3 wt%, respectively. The An-Shun
site sediment could thus be classified as a sandy loam according to the soil texture classification of
the United States Department of Agriculture (USDA) (Figure S2). In general, the texture of sediment is
tightly correlated with OC content and CEC. The fine-textured sediment may contain high OC and CEC
due to its large surface areas, whereas the OC and CEC of sandy-textured sediment was relatively
low. The results of physicochemical properties analysis of An-Shun site sediment were consistent with
the fact that a sandy loam showed low OC content and low CEC.
Table 2. The physicochemical properties of An-Shun site sediment.
Parameters Value
Water content (wt%) 2.33 ± 0.01
pH 7.5 ± 0.03
Organic carbon (wt%) 0.80 ± 0.65
Cation exchange capacity (cmol(+)/kg) 3.3 ± 0.2
Sand (wt%) 71.4 ± 2.9
Silt (wt%) 14.3 ± 0.0
Clay (wt%) 14.3 ± 2.9
THg (mg/kg) 76.0 ± 2.59
MeHg (μg/kg) 1.17 ± 0.31
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3.3.2. Environmental Factor Variation during Microcosms Operation
The vertical up-flow microcosms with a closed circulation system are set up as shown in Figure 1
and Figure S1. Two kinds of waters were applied in the microcosms, including freshwater
and estuary water. The microcosms were operated for 65 days. The operation time from days
1 to 25 was the process of sediment acclimation. After that, the capping materials were delivered to
the microcosms and the water was collected periodically from the outflow as the overlying water
sample. The appearance of the microcosms, which was capped with the AC, SAC, or no cap were
seen to be clear, while the column capped with FeS was found to gradually appear in brown inside
the microcosms. It has been speculated that the addition of FeS may promote a chemical reaction to form
iron hydroxide or iron oxide, which was found attached on the wall of the column and the buffer tank.
The recorded temperature in the microcosms is shown in Figure S3. The range of temperature
was between 20 and 27 ◦C during the test period between winter and spring. The DO results are shown
in Figure S4. The DO value at the beginning of the experiment was approximately 4 mg/L, started to
decrease and remained stable at 3 ± 0.5 mg/L as the operation time extended. This result could be
explained by the microbial activity in the microcosms. The microbes would consume DO to carry
out respiration process, thus its concentration decreased at the beginning. Owning to the operational
defects, the oxygen outside the microcosm fluxed in and caused the increment of DO. The pH value of
overlying water is shown in Figure S5. It was between 7.6 and 7.9 in all microcosms.
The results of EC in the freshwater system and estuary system are shown in Figure S6.
In the freshwater system, the EC of overlying waters of microcosms was around 2300−3270 μS/cm.
The EC values decreased as the operation time increased because the microcosms would be refilled
with the artificial freshwater and get diluted after sampling periodically (Figure S6a). Moreover,
the An-Shun site sediment was estuary sediment, thus it contained a portion of salt and contributed to
the background levels of salinity. In the estuary water system of microcosms, the results of EC are
shown in Figure S6b. The EC ranged from 37,000 to 38,000 μS/cm.
The ORP results of the overlying water from freshwater system and estuary system are shown
in Figure S7. In the freshwater system, the ORP of overlying water of microcosms was around 40–160 mV.
As for the estuary system, the ORP of overlying water of microcosms was about −22–145 mV.
The results of DOM in the overlying water are shown in Figure S8. The DOM content
in the overlying water was low, mainly related to the low DOM content in An-Shun site sediment.
The An-Shun site sediment contained less OC content according to the previous results shown;
consequently, less DOM would be released from the sediment to the overlying water.
The total Fe in overlying water is shown in Figure S9. In the freshwater system, the microcosm
capped with FeS would contribute significant dissolved Fe to the overlying water while the concentration
of Fe in the microcosm with no capped was also high. The Fe content of those treatment were higher if
compared to microcosms with AC and SAC. The similar trend was also observed in the estuary system.
3.3.3. Sequestration of Aqueous THg and MeHg by Thin Layer Capping
The effectiveness of capping materials to immobilize Hg is shown in Figure 7 and Table S4.
For the freshwater system, the THg immobilization abilities of three capping materials greatly varied
as compared to that of the no-capped control unit. The THg reduction efficiencies of the AC,
SAC, and FeS, which were calculated based on the initial THg concentration of the microcosm
started and the THg concentration in a given sampling date, fluctuated between −22−82%, −30−78%
and −87−62%, respectively, in comparison to the control unit. As for the estuary system, THg reduction
efficiencies of the AC, SAC and FeS reached −33−49%, 28−60% and −24−44%, respectively,
in comparison to that of the control unit. Therefore, the fluctuation and uncertainty for Hg
removal of capping sorbents were observed in both freshwater and estuary systems. According
to our previous studies [17,48], the recommended amendment dosage of sorbents for Hg-sediment
remediation was approximately 1−5%. The dosage of sorbents being used in this study was 3%, which
was supposedly to show significant effect on Hg removal, but the results seemed not be similar to our
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previous studies. The horizontal flow microcosm set up was mostly used to stimulate the emission of
Hg from the sediment according to the previous studied [48]. However, a different design, vertical
up-flow microcosm was adapted in this study, in which the water moved in an up-flow direction
and then recirculated back into the columns in a closed system. Therefore, a dynamic equilibrium
among the sediment, capping material, and overlying water achieved in the closed circulation system.
The Hg in the sediments will be released to the water continuously until an equilibrium was reached.
The same process happened in the interface between water and capping material. These processes will
lead to the depletion of Hg on the sediments because it was diffused and transferred to the capping
materials. Owning to these process, the reduction of Hg in the overlying water of the microcosm
was less evident, which was also demonstrated by the ANOVA analysis (Table S4); instant and marked
releases of Hg from the caps were occasionally found. The dosage of sorbents applied in this microcosms
may need to be reconsidered as it might not be capable to sorb Hg efficiently due to the characteristic
of this microcosms system.
(a) (b) 
Figure 7. THg concentration in overlying water of (a) freshwater system and (b) estuary system.
The Hg concentrations in sediment, sorbents and overlying water after 65 days in the microcosms
are shown in Table 3. The Hg concentrations in the freshwater sediments at the end of experiment for
AC, SAC, FeS and control unit were 65.35 ± 0.65, 68.87 ± 0.46, 50.38 ± 1.03 and 68.77 ± 2.03 mg/kg,
respectively. In the estuary system, the Hg concentrations of sediment for AC, SAC, FeS and control
unit were 56.16 ± 2.87, 57.55 ± 0.39, 54.80 ± 2.25 and 69.20 ± 4.02 mg/kg, respectively. The initial
Hg content in sediment of the An-Shun site was 76.00 ± 2.59 mg/kg, thus, there were varying losses
of Hg from sediment with different capping amendment in both freshwater and estuary systems.
The sediment can be a reservoir of Hg, which would provide Hg to the water, capping materials,
and the microcosm’s auxiliary equipment until an equilibrium reached. Hence, the decrease of Hg
in the sediment of the study is reasonable. In the freshwater system, the loss of Hg in microcosms
capped with AC and SAC was similar to that in the control unit while the loss of Hg in FeS capping
was slightly higher than that in the control unit, AC, and SAC capping. As for the estuary system,
the Hg loss from sediment with capping materials was decreased significantly as compared to that
in the control unit. On the other hand, the contents of Hg in the sorbents of AC, SAC, and FeS were
4.84 ± 0.81, 6.86 ± 3.52, and 37.66 ± 8.34 mg/kg, respectively, in freshwater system. In the estuary
system, the contents of Hg in the sorbents of AC, SAC, and FeS were 3.88 ± 1.82, 2.89 ± 1.49,
and 43.83 ± 13.04 mg/kg, respectively. The Hg content in FeS was significantly greater as compared
to those in AC and SAC in both freshwater and estuary systems. Notably, the Hg sorption capacity
of sorbents in the batch experiments was relatively high when compared to those for the sorbents
applied in the microcosms. Although the Hg concentration of overlying water, approximately 200 ng/L
was relatively low as compared to the batch experiment test, the mechanism of Hg sorption might
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be different at the low Hg concentration. The recovery of Hg in the microcosms was approximately
67−90% in both freshwater and estuary systems. The low recovery in some cases can be explained
by the phenomenon of bacteria respiration, which could produce a large portion of batting biomass
and colloids that cause Hg to attach onto. Moreover, the Hg might be adhered to the surface of
the microcosm’s auxiliary equipment, such as column surface, buffer tank, pipelines, and others
that may cause the decreasing recovery of Hg (Figure S1). Therefore, although FeS showed great
Hg sorption capacity during the batch and caused Hg partitioning from sediment to the cap during
microcosm test, Hg may be released from cap again, through redissolution or release of small-scale FeS
particles containing Hg, leading to not only the low recovery but also the risk of unexpected release of
Hg for sediment with vertical up-flow.
Table 3. Recovery calculation based on the Hg content in sediment, sorbents and overlying water after
65 days in the microcosms.
Sediment 1 Sorbents Overlying Water Recovery 2
mg/kg mg mg/kg mg mg %
F-AC 65.35± 0.65 19.61 4.84 ± 0.81 0.04 0.002 86.19
F-SAC 68.87± 0.46 20.66 6.86 ± 3.52 0.06 0.02 90.89
F-FeS 50.38± 1.03 15.11 37.66± 8.34 0.34 0.02 67.78
F-Control 68.77± 2.03 20.63 - - 0.02 90.50
E-AC 56.16± 2.87 16.85 3.88 ± 1.82 0.03 0.002 74.05
E-SAC 57.55± 0.39 17.27 2.89 ± 1.49 0.03 0.003 75.85
E-FeS 54.80± 2.25 16.44 43.83± 13.04 0.39 0.002 73.84
E-Control 69.20± 4.02 20.70 - - 0.002 90.80
1 The Hg content in sediment for the day 65. 2 Recovery was obtained by the sum of Hg content in sediment,
sorbents and overlying water divided by the total Hg content in initial sediment (i.e., 76.0 ± 2.59 mg/kg and 22.8 mg)
then multiplying by 100.
The results of MeHg content in the overlying water of freshwater system and estuary system
are shown in Figure 8. In the freshwater system, the amounts of MeHg in the overlying water
from microcosms capped with AC, SAC, and FeS were significantly decreased when compared to
that of the control unit; the MeHg concentrations of AC, SAC, FeS, and control unit were 0.04−0.70,
0.14−0.94, 0.13−1.64, and 2.26−11.35 ng/L, respectively. In contrast, the MeHg concentrations of AC,
SAC, FeS, and control unit were 0.10−0.14, 0.15−0.87, 0.04−2.77, and 0.14−1.01 ng/L in the estuary
system, respectively. Therefore, the production of MeHg under the treatment of AC and SAC capping
was decreased tremendously, while the reduction efficiency of MeHg in the microcosms capped with
FeS was not significant.
(a) (b) 
Figure 8. MeHg concentration in overlying water of (a) freshwater system and (b) estuary system.
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The production of MeHg of the control unit in the freshwater system was significant as compared
with that in the estuary system. A previous study showed that the salinity level of the environment
was negatively correlated with MeHg production [49]. In the high salinity condition, Hg has tendency to
form complex with chlorine salt and sulfurous compounds, reducing the trends of Hg methylation [50].
The researchers suggested that a high-salinity condition may inhibit Hg methylation because sulfate
with high concentration would reduce to toxic sulfides by microorganisms, and poisons the Hg
methylating bacteria, reducing the formation of MeHg as well. In the freshwater system, the MeHg
reduction efficiency in microcosms capped with AC was the best, SAC followed, and FeS the least,
suggesting that the SAC and FeS provided a portion of the iron and sulfur elements to dissolve into
water and enhanced the methylation ability of sulfate-reducing bacterial and Fe(III)-reducing bacteria.
As a result, the MeHg reduction efficiency in microcosms capped with SAC and FeS was poorer
as compared to that with AC.
The MeHg contents in the sediment are shown in Table 4. The formation of MeHg in the control
unit of freshwater system was higher than that in the estuary system. The formation of MeHg
capped with AC and FeS was low when compared to that in the control unit in freshwater system,
except for the microcosm capped with SAC, which was slightly higher. As a results, the MeHg
released to overlying water in freshwater system was inhibited by both limiting the MeHg formation
and the effectiveness of caps. In the estuary system, the MeHg contents in both capped with sorbents
and control unit were similar and smaller than those in freshwater system.
Table 4. The MeHg content in sediment on day 65.
Freshwater System MeHg (μg/kg) Estuary System MeHg (μg/kg)
AC 1.43 ± 0.75 AC 1.03 ± 0.52
SAC 5.42 ± 1.92 SAC 1.16 ± 0.07
FeS 2.61 ± 0.65 FeS 2.07 ± 0.52
Control unit 3.97 ± 1.68 Control unit 1.99 ± 1.15
4. Conclusions
In this study, the aqueous batch experiments with the amendment of AC, SAC, and FeS sorbents
were first carried out to comprehend the Hg removal efficiency in Hg-contaminated sediments
influenced by salinity and DOM. The microcosms were then set up to examine the performance of these
capping sorbents on Hg-contaminated sediment remediation. The experimental results showed that
FeS on Hg removal was not significantly affected by salinity levels and maintained with high removal
efficiency. The Hg removal efficiency of AC and SAC increased as salinity increased. In contrast, the Hg
removal efficiency of sorbents decreased with the addition of DOM at different salinity levels because
DOM competed with sorbents and may occupy the adsorption site, thus inhibited the Hg uptake by
sorbents. The microcosm experiments showed that the THg immobilization abilities of three capping
sorbents greatly varied as compared to that of control unit. The MeHg concentration of overlying
water in the freshwater microcosm with no cap was higher than that in the estuary system. Therefore,
Hg compounds in the freshwater system may be more bioavailable to microorganisms in methylated
phase as compared to those in the estuary system. To summarize, the capping materials including
AC, SAC, and FeS effectively decreased the concentration of overlying water MeHg in the freshwater
system of microcosms. Because the production of MeHg in estuary system was low, the efficiency of
materials on MeHg sorption was insignificant.
We suggest that future studies should be focused on scale-up design using large microcosms.
Notably, because FeS showed the best Hg removal efficiency, resistance to salinity, and only slightly
affected by DOM in aqueous adsorption experiments and AC showed as the best MeHg adsorption
material, a “mixing cap” using both FeS and AC should be examined and the optimal mixing ratio
should be obtained. A mixing cap of FeS and AC may also help preventing the leaching out of FeS
from the cap layer, which was observed in our microcosm study.
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It is also worth noting that for the vertical up-flow system, the accumulated Hg in capped layer
may eventually breakthrough, which could cause sudden concentration shock that leads to instant
risk of exposure. Long-term microcosm operation is critical and should be further conducted to
obtain design parameters on subsequent pilot tests or full-scale application.
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Table S1. Freshwater and seawater ion species concentration, Table S2. Hg(II) speciation at various salinity
levels, Table S3. The partitioning coefficients for Hg adsorptions at various salinity levels, Table S4. A one-way
ANOVA or one-way ANOVA on ranks based on normality test, followed by a post hoc test (p < 0.05) used to
determine the significance differences among various sorbents, Figure S1. Photos of the microcosms on (a) day
25 as the capping materials were initially applied and (b) on day 65, Figure S2. An-Shun site sediment texture,
Figure S3. The temperature of microcosms (the symbol F refers to freshwater system and the symbol E refers to
estuary system), Figure S4. The dissolved oxygen for the microcosms (the symbol F refers to freshwater system
and the symbol E refers to estuary system), Figure S5. The pH value variation of microcosms (the symbol F
refers to freshwater system and the symbol E refers to estuary system), Figure S6. The electricity conductivity of
overlying water in (a) freshwater system and (b) estuary system, Figure S7. The oxidation reduction potential of
overlying water in (a) freshwater system and (b) estuary system, Figure S8. DOM variation of microcosms for
(a) freshwater system; (b) estuary system, Figure S9. The total Fe variation of microcosms in (a) freshwater system
and (b) estuary system.
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Abstract: In this study, kaolinite, carbon black (CB), iron sulfide (FeS), hydroxyapatite (HAP),
and oyster shell powder (OSP) were selected as potentially ideal amendments to immobilize metals in
sediment, including Ni, Cr, Cu, Zn, and Hg. In aqueous batch experiments, the five adsorbents were
tested for capturing the five potential toxic metals individually at various concentrations. HAP and
OSP showed the largest removal efficiencies towards Ni (OSP: 76.47%), Cr (OSP: 100.00%), Cu (HAP:
98.39%), and Zn (HAP: 64.56%), with CB taking the third place. In contrast, FeS and CB played a more
significant role in Hg removal (FeS: 100.00%; CB: 86.40%). In the modified six-column microcosm
experiments, five mixing ratios based on various considerations using the five adsorbent materials
were tested; the water samples were collected and analyzed every week for 135 days. Results showed
that caps including CB could immobilize the release of Hg and methylmercury (MeHg) better than
those with FeS. More economical caps, namely, with a higher portion of OSP in the mixed capping,
could not reach comparable effects to those with more HAP for immobilizing Ni, but performed
almost the same for the other four metals. All columns with active caps showed greater metal
immobilization as compared to the controlled column without caps.
Keywords: active capping; toxic metal; sediment; remediation; multiple materials
1. Introduction
Wastewater containing potential toxic metals originating from anthropogenic activities discharged
to river streams is a widespread environmental issue nowadays, processing significant toxicity to
aquatic organisms and accumulating by food chain, finally causing various diseases and disorders [1].
Natural processes are frequently inadequate to deal with the elevated metal loading, therefore there
is an urgent need for remediation measures [2]. Thin-layer capping has been applied as an
economically-feasible in-situ method for sediment remediation, reducing contaminants release
from sediment to overlying water, subsequently reducing ecological and human health risk [3].
Sediment can be seen as an important sink of various organic and inorganic compounds, resulting in
the simultaneous existence of several different contaminants [4–6]. However, most of the previous
studies focused on only one or two capping materials. To cope with highly complex conditions in
sediment, mixed capping with multiple materials was proposed. Notably, using cheap and effective
alternatives for the removal of potential toxic metals could reduce operating costs, reduce the prices of
products, improve competitiveness, and benefit the environment [7].
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Several relatively cheap, environment-friendly materials have been proposed and examined.
Based on previous research [7–22], kaolinite, carbon black (CB), iron sulfide (FeS), oyster shell powder
(OSP), and hydroxyapatite (HAP; Ca10(PO4)6(OH)2,) were considered as potentially ideal amendments
to be part of the mixed caps. Previous reports provided excellent results showing that kaolinite can
be used as a cheap and naturally occurring adsorbent to remove Pb2+, Cd2+, Ni2+, Co2+, Cr6+, Zn2+,
and Cu2+ from aqueous solution in both single and multi-metal ions [8–11]. Sulfide minerals are shown
to be ideal materials to scavenge Hg2+ by immobilizing it through adsorption or co-precipitation as a
discrete sulfide phase (HgS) and solid solution formation with iron sulfides [12,13]. HAP jumped out
recently because of its high adsorption capacity of various metals, which brings the perspective for
removal of Cd2+, Zn2+, Pb2+, U6+, Co2+ ions, and so on [14–17]. HAP is a nanostructured material,
which was recently synthesized from some high-calcium biological wastes as raw materials, such as
seashells and eggshells [18]. In the hunt of such low-cost and efficient raw materials for the production
of HAP, OSP has emerged as a suitable one. As for OSP itself, owing to its low price and basicity,
it has been employed widely for stabilization/solidification of many kinds of potential toxic metals
(As, Pb, Ni, and Cu, etc.) [7,19–22]. The solution pH of OSP greatly affected the adsorption process
towards Cu2+, with an optimum adsorption pH of 5.5 and an overall negative surface charge facilitating
the adsorption process [19]. The adsorption capacities of OSP towards Cu2+ and Ni2+ could reach
49.26–103.1 mg g−1 and 48.75–94.3 mg g−1, respectively, through physical adsorption mechanisms [7].
The present study aims to find mixed amendments with the best comprehensive benefits for
immobilizing potential toxic metals in contaminated sediment. Based on the previous works, kaolinite,
CB, FeS, OSP, and HAP were selected as potentially ideal amendments to immobilize metals in sediment.
According to the survey report of Taiwan in 2012 [23] on main rivers with contaminated sediment, Ni,
Cr, Cu, Zn, and Hg are the five major potential toxic metals present in sediments, which were selected
as the targets of remediation in this study. Furthermore, methylmercury (MeHg) converted from
Hg was measured in this study due to its high toxicity and bioaccumulative ability. Aqueous batch
experiments were first conducted by using the five adsorbents to capture the five potential toxic
metals individually at various concentrations. Then, five columns containing contaminated sediment
covered by different mixed materials were set based on the obtained results of batch experiments to
better comprehend the immobilization effectiveness of mixed capping for the potential toxic metals as
compared to the controlled column without caps. Results from this study are helpful in designing an
economically and technically feasible in−situ approach for sediment remediation, which could not
only reduce the potential toxic metal release from sediment to overlying water, but also reduce the
ecological and human health risk.
2. Materials and Methods
2.1. Adsorbents Preparation
The kaolinite and FeS used in this study were all reagent-grade chemicals purchased from
Sigma-Aldrich. The CB used was obtained from Enrestec Inc. (Tainan, Taiwan), and was considered
as a low-cost, recycled materials because it was a byproduct from waste rubber tire pyrolysis for
oil production.
OSP was prepared by grinding oyster shells collected as food waste materials. The oyster shells
were scrubbed carefully to remove impurities, then dried for 48 h at 100 ◦C [19] and ground to
homogenized powder that could pass through a 30-mesh sieve. Then this sieved material was shaken
over a 60-mesh sieve and any material that passed through was rejected (ASTM D2765). [24]
To synthesize HAP, the OSP passed though the 60-mesh sieve was collected as a raw material.
The synthesis was operated according to the following reaction: 10Ca2+ + 6PO43− + 2OH− =
Ca10(PO4)6(OH)2, referring to previous studies [18,25–27] (Figure 1). In the synthesis process, an amount
of Na2HPO4 and the corresponding amount of oyster shell powder (Ca/P molar ratio = 1.67) were used
as P and Ca precursors, respectively. Firstly, 5 g of that oyster shell powder (<60 mesh) was dissolved
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in 1:3 hydrochloride acid/water solution and stirred thoroughly. The supernatant of the solution
filtered by 0.45 μm filter was put into 500 mL of 0.1 M EDTA. Then reaction process was carried out
by drop wise addition of 0.06 M Na2HPO4 solution under continuous stirring of 200 rpm. The pH
value of the reaction mixture was regulated within the range of 10.5–11.5 by 5 M NaOH solution and
maintained throughout the process the dripping velocity was controlled at 2 mL min−1. After mixing,
the resulting mixture was left to maturate for the next 24 h. The obtained white precipitate was washed
with distilled water by centrifuge and dried in the hot air oven at 65 ◦C for 24 h to get the final product.
Figure 1. The process of synthesizing HAP.
All of the above materials were sieved to the range of 30–60 mesh (ASTM D2765) [24] and analyzed
using a physisorption analyzer (Micromeritics Inc. ASAP 2420, Norcross, GA, USA) to obtain the 77 K
N2 adsorption isotherm. The total surface area was then obtained based on the Brunauer-Emmett-Teller
(BET) equation and described as BET surface area (SBET). The chemical compositions of the five
materials were analyzed for the C/H/N/S contents (Elementar Vario EL cube, Langenselbold, Germany)
and O content by automatic elemental analyzers (Flash 2000, Thermo Fisher Scientific, Waltham,
MA, USA).
2.2. Artificial Fresh Water and Sediment Incubation
In order to simulate the river environment, artificial freshwater prepared based on the formula
provided by USEPA [28] was used in this system, instead of using purified or deionized water.
To prepare 20 L of synthetic, moderately hard, reconstituted fresh water, the reagent grade chemicals
as follows were used: 1.20 g MgSO4, 1.92 g NaHCO3, 0.080 g KCl, and 1.06 g CaSO4.
The metal incubation concentrations of artificial sediment and reagent grade chemicals were
determined with reference to the survey report of Taiwan in 2012 [23] on main rivers with contaminated
sediment. The sediment was designed to consist of 400 mg kg−1 Ni, 400 mg kg−1 Cr, 1000 mg kg−1 Cu,
1000 mg kg−1 Zn, and 50 mg kg−1 Hg by adding Ni(NO3)2·6H2O, Cr(NO3)3·9H2O, Cu(NO3)2·3H2O,
Zn(NO3)2·6H2O, and HgCl2. The sediment (2000 g) was placed in a 3 L glass bottle, filled with artificial
freshwater, mixed thoroughly, sealed tightly, and put aside for incubation. The time of incubation
lasted up to 60 days.
2.3. Aqueous Batch Experiments
The aqueous adsorption experiment was performed according to Bouhamed et al. [1]. To determine
the adsorption isotherms of adsorbents, 10, 30, and 50 mg L−1 of Ni, Cr, Cu, and Zn were tested
by aqueous batch experiments. For Hg, 0.2, 0.6, and 1.0 mg L−1 were tested. A serial dilution
of standard solution was made to the intended concentrations; the pH value of the solution was
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controlled to be 5 ± 0.1 by using 0.01 M NaOH and 0.01 M HCl, which simulates the real contaminated
sediment environment.
Batch adsorption experiments were carried out in a rotary shaker at 125 rpm using 50 mL capped
glass bottles containing 20 mL of metal ion solutions and 25 mg of adsorbents, similar to our previous
study [29]. The temperature was controlled at 30 ◦C and the contact time was up to 24 h to achieve an
adsorption equilibrium. All the experimental operations were triplicated.
After shaking, samples were filtered with 0.45 μm filters and the supernatant was kept for metal
analyses. For a long-time preservation, each sample of Ni, Cr, Cu, and Zn was preserved with 0.5%
HNO3 and measured by flame atomic absorption spectroscopy (FAAS; Perkin Elmer AAnalyst 800,
Waltham, MA, USA); each sample of Hg was preserved with 0.5% BrCl and estimated by cold vapor
atomic fluorescence spectroscopy (CVAFS; Brooks Rand Automated Total Mercury System, Seattle, WA,




The microcosm shown in Figure 2 was designed by modifying the system used in Ting et al. [29].
Multi-columns containing contaminated sediment with mixed caps on the top were set to stimulate
the release of metal compounds and examine the efficiencies of capping materials. Water entered
the system from the bottom of the column, vertically moved upwards to fill the column, and then
discharged to the outside of the system.
Figure 2. The lab-scale microcosm system.
2.4.2. Microcosm Operation
Six freshwater columns were set up to investigate the efficiencies and stabilities of different mixed
caps. Dried incubated sediment was added into the columns and each column contained 200 g of
sediment. Five columns were capped by the mixed adsorbents with five different ratios, which were
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determined according to the results of batch experiments. The sixth column was not capped as the
controlled unit. To start up the system, each column was filled with water and allowed to settle for
24 h. Next, the microcosm was activated to start inflow and this day was counted as the operation day
1. The flow rate was maintained to be 0.2 L day−1 constantly by using a peristaltic pump (Gamma
ST100SV2, Shakopee, MN, USA).
Notably, in order to investigate the stabilization of different mixed caps, the pH of artificial water
was adjusted to 3 ± 0.1 by adding HNO3 during day 101–114 to simulate the extreme condition with
acid influent.
2.4.3. Water Sampling and Analyses
Periodic water sampling was conducted continuously once a week for up to two months. At each
sampling time, the pH, dissolved oxygen (DO), electrical conductivity (EC), oxidation-reduction
potential (ORP) were measured one by one initially. DO of the overlying water was directly measured
by a DO meter (EXStik DO600, Nashua, NH, USA). pH value was measured by a pH meter (SunTex
SR-2300, Hsi-Chih, Taipei, Taiwan). The electrical conductivity (EC) was measured by a conductivity
meter (Taina EZDO-6021, Taiwan). The oxidation–reduction potential (ORP) of sediment within the
depth of 1–3 cm of caps was measured by an ORP meter (SunTex SR-2300, Hsi-Chih, Taipei, Taiwan).
After the basic measurement, 100 mL of water was collected from each column by disposable syringes
and filtered with 0.45 μm filter membranes. The supernatant was kept in 20 mL glass bottles in a
refrigerator at 4 ◦C before analyses.
The samples prepared for Hg analysis were preserved with 0.5% BrCl. For Ni, Cr, Cu, and Zn
analyses, samples were preserved with 0.5% HNO3 and determined by inductively coupled plasma
optical emission spectrometry (Agilent ICP-OES 700 series, Santa Clara, CA, USA). For MeHg analysis,
samples were put in brown bottles in the shadows to avoid light and analyzed immediately by
ethylation, purge and trap, and gas chromatography/CVAFS (Brooks Rand Automated Total Mercury
System, Seattle, WA, USA). Total organic carbon (TOC) was analyzed by a TOC analyzer (OI Analytical
Aurora 1030W, College Station, TX, USA). QA/QC were regularly checked by analyzing the quality
control samples from each batch.
2.4.4. Statistical Analysis
A one-way ANOVA, followed by a least significant difference (LSD) test (p<0.05), was used to
determine the significance differences among columns (IBM SPSS statistics).
3. Results
3.1. Adsorbents Properties
Five capping adsorbents, sieved to 30–60 mesh, were analyzed and their physical and chemical
properties are summarized in Table 1, including the BET surface areas (SBET), average pore sizes,
and total pore volumes (Vtotal). The data revealed that HAP had the absolutely largest BET surface
area and pore volume among these five materials, and CB had a relatively larger specific surface area
and the second largest pore volume.
Table 1. BET surface areas, average pore sizes and total pore volumes (Vtotal) of five materials.
Adsorbent SBET (m
2 g−1) Pore Size (nm) Vtotal (cm3 g−1)
Kaolinite 23.3 14.0 0.082
FeS 106.2 60.2 0.042
CB 93.0 17.3 0.376
HAP 367.4 9.2 0.501
OSP 0.06 4.8 0.011
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The results of element analyses of the five materials are given in Table 2. FeS was not analyzed
and theoretically it is composed of 63.64 wt% of iron and 36.36 wt% of sulfur. It can be seen that CB
was rich in C (77.87 wt%) and had a great amount of S (2.53 wt%) because it originated from waste tire.
OSP and HAP were rich in O (32.29 and 13.24 wt%, respectively). The proportions of C in OSP roughly
corresponded to the proportion of CaCO3 in oyster shell.
Table 2. Elemental analyses of the five test materials.
Adsorbent C (wt%) N (wt%) H (wt%) O (wt%) S (wt%)
Kaolinite 0.03 0.15 1.43 10.88 0.05
FeS -
CB 77.87 0.46 1.02 1.6 2.53
HAP 0.00 0.11 1.71 13.24 0.00
OSP 11.61 0.20 0.55 32.29 0.07
3.2. Adsorption Efficiency






where R (%) is the removal efficiency of adsorbents, C0 (mg L−1) is the initial metal concentration
detected in blank solution, and Ct (mg L−1) is the concentration of remaining sorbate at any time.
Figure 3 and Table 3 show the removal efficiencies of five materials towards five metals at various
initial concentrations, which illustrated roughly that OSP and HAP had the best affinities to Cr, Zn, Cu,
and Ni, and CB took the third place. As for Cu, HAP performed the largest removal efficiency than the
others with a reduction of 98.39%. For Ni, OSP presented a significant removal rate of 76.47% at a
low initial concentration and, contrarily, poor efficiency at high initial metal concentrations. For the
adsorption of Hg, inversely, FeS showed the best removal efficiency, which was up to 100%. CB was
the second excellent one with a removal rate of 86.4%.
 
Figure 3. Removal efficiencies of five materials towards (a) Ni, (b) Cr, (c) Cu, (d) Zn, and (e) Hg at
various initial concentrations.
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Table 3. Removal efficiencies (in percentage) of five adsorbents for five metals (n = 3).
Metal C0 (mg L−1) Kaolinite FeS CB HAP OSP
Ni 10 2.04 ± 0.50 10.73 ± 1.98 2.60 ± 0.27 38.85 ± 4.36 76.47 ± 2.73
30 0.86 ± 0.12 4.96 ± 0.91 0.60 ± 0.53 17.11 ± 7.56 12.99 ± 1.19
50 0.41 ± 0.15 4.63 ± 0.48 1.37 ± 0.72 16.62 ± 3.98 6.85 ± 1.81
Cr 10 22.15 ± 1.66 30.65 ± 3.85 42.00 ± 1.41 102.58 ± 0.15 103.13 ± 0.03
30 7.38 ± 1.61 7.88 ± 1.63 6.98 ± 3.11 67.81 ± 2.30 105.18 ± 0.07
50 3.73 ± 1.10 3.07 ± 0.77 6.19 ± 5.09 35.06 ± 0.73 59.58 ± 0.90
Cu 10 −1.13 ± 0.95 23.45 ± 5.41 52.80 ± 0.21 98.39 ± 1.65 19.43 ± 1.17
30 −0.20 ± 0.11 11.89 ± 8.29 18.27 ± 0.41 52.90 ± 1.85 3.82 ± 0.76
50 3.69 ± 1.83 10.78 ± 0.69 15.91 ± 4.83 52.41 ± 4.46 16.05 ± 1.14
Zn 10 −6.63 ± 2.65 2.09 ± 6.73 −29.32 ± 10.30 58.88 ± 14.26 52.71 ± 21.53
30 5.86 ± 0.81 10.55 ± 1.03 3.47 ± 1.62 64.56 ± 1.20 62.30 ± 0.98
50 3.69 ± 0.45 6.71 ± 1.33 1.44 ± 0.00 44.38 ± 5.02 30.62 ± 1.21
Hg 0.2 2.93 ± 1.23 83.37 ± 9.65 80.30 ± 8.55 12.48 ± 9.35 35.32 ± 3.81
0.6 −2.36 ± 1.15 101.12 ± 3.15 74.70 ± 24.47 5.92 ± 3.47 14.43 ± 8.85
1 −0.50 ± 1.75 91.51 ± 2.10 86.40 ± 5.09 18.86 ± 9.43 12.86 ± 5.70
3.3. Microcosm
3.3.1. Mixed Caps Design
Five columns covered by different mixed materials and one controlled column were set as shown
in Table 4 for conducting the microcosm experiments. The design of capping mixing ratio was
based on the integrating consideration of removal efficiencies, cost of preparation, and utilization of
recycling resources.
Table 4. Six columns covered by different mixed materials.
Column 1 2 3 4 5 6
kaolinite (wt%) 10 10 10 10 -
-
FeS (wt%) 2.5 - 5 2.5 2.5
CB (wt%) 2.5 5 - 2.5 2.5
HAP (wt%) 35 35 35 5 35
OSP (wt%) 50 50 50 80 50
Total (wt%) 100 100 100 100 90
Based on the aforementioned results from batch experiments, HAP and OSP were selected as
the major materials to adsorb Ni, Cr, Cu, and Zn; FeS and CB were selected as the major materials to
immobilize total Hg (THg) and MeHg. Although the adsorption effect of kaolinite on these five metals
was not significant, it has been shifted that kaolinite may probably be more capable of stabilizing
the caps than other clays [30] and was therefore added for the purpose of resisting flow disturbance.
Column 1 was designed as the ideally best column with appropriate amounts of each material. Column
2 replaced FeS completely with CB and Column 3 did the opposite for comparing FeS with CB. As far
as costs and complexity of preparation were concerned, Column 4 tried to reduce the proportion of
HAP to grope for a cheaper mixed amendment with equal ability. The cap ratio of Column 5 was
almost the same as Column 1, except for the absence of 10 wt% kaolinite, which was designed to
investigate the necessity of existence of kaolinite. The last column was composed of only sediment
without caps as the controlled group.
3.3.2. Results of Sediment Incubation
The concentrations of the five metals before and after 60 days of incubation and the concentrations
of the five metals in the supernatant after incubation are shown in Table 5. Concentrations of metals in
the sediment after incubation had almost met the experimental requirements. It is worth mentioning
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that the concentrations of Ni and Zn of supernatant were much higher than those of the other
three metals.
Table 5. Concentrations of the five metals in sediment before and after 60 days of incubation and the





Ni 61.35 ± 1.46 400 519.59 ± 9.52 133.46 ± 0.98
Cr 102.16 ± 0.63 400 593.96 ± 2.81 0.16 ± 0.002
Cu 94.64 ± 2.38 1000 1383.30 ± 6.58 17.71 ± 0.12
Zn 373.70 ± 12.18 1000 1579.13 ± 14.31 358.79 ± 1.06
THg 0.20 ± 0.03 50 72.32 ± 1.96 0. 03 ± 0.008
MeHg 1.50 × 10−4 ± 2.54 × 10−5 − 8.56 × 10−3 ± 3.23 × 10−3 −
3.3.3. pH and ORP
Figure 4 shows the changes of oxidation-reduction potential (ORP) and water pH in the microcosm
during the operation. The data of changes of electrical conductivity (EC), pH, dissolved oxygen (DO),
and oxidation-reduction potential (ORP) are also shown in Tables S1–S4. Higher pH values and lower
ORP in columns capped with materials were attained as compared to the one without caps. However,
the differences tended to be slight during the later stage.
Figure 4. The changes of oxidation-reduction potential (ORP) and water pH values in microcosm
during the operation.
3.3.4. Metal Immobilization
The concentrations of five metals and MeHg are shown in Figure 5 and Tables S5–S10
(in Supplementary Material). The results of one-way ANOVA and LSD test (p < 0.05) are shown
in Tables 6 and 7. In consistence with the expectation, Column 1 showed the most considerable
comprehensive consequences of inhibiting the release of metals to the overlying water. It was
unexpected that even without 10 wt% of kaolinite, Column 5 achieved almost the same results as
Column 1, which is also proved by no significant (p > 0.05) correlation in ANOVA (Table 6) between
the two columns for all metals, indicating that kaolinite did not show greater stabilization ability for
mixed caps as compared to the other test materials.
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Figure 5. The remaining proportion (%) of (a) Ni, (b) Cr, (c) Cu, (d) Zn, (e) Hg, and (f) the concentration
of MeHg in six columns. The remaining proportion in aqueous phase was calculated through dividing
the concentration of each contaminant by the concentration on the first day.
Table 6. Metal concentrations in six columns before adding acid (day 1–100).
Column Ni (n = 14)
(mg L−1)
Cr (n = 14)
(mg L−1)
Cu (n = 14)
(mg L−1)
Zn (n = 14)
(mg L−1)
THg (n = 14)
(μg L−1)
MeHg (n = 12)
(ng L−1)
1 0.091 ± 0.189b 0.000 ± 0.000a 0.013 ± 0.036a 0.150 ± 0.354b 0.145 ± 0.109c 2.09 ± 2.68bc
2 0.162 ± 0.157b 0.015 ± 0.025a 0.012 ± 0.030a 0.140 ± 0.289b 0.382 ± 0.463ab 0.535 ± 0.622c
3 0.064 ± 0.126b 0.015 ± 0.025a 0.010 ± 0.027a 0.090 ± 0.182b 0.233 ± 0.166bc 6.06 ± 6.09ab
4 0.140 ± 0.200b 0.016 ± 0.026a 0.012 ± 0.031a 0.131 ± 0.385b 0.288 ± 0.373abc 9.18 ± 10.2a
5 0.079 ± 0.165b 0.015 ± 0.025a 0.012 ± 0.031a 0.135 ± 0.311b 0.178 ± 0.194bc 2.85 ± 3.25bc
6 0.315 ± 0.161a 0.015 ± 0.025a 0.018 ± 0.035a 0.498 ± 0.288a 0.496 ± 0.222a 1.56 ± 2.85c
Different letters for metal concentrations in six columns indicate a significant difference at p < 0.05. For example,
the concentrations of Ni in Column 1 with letter b are significantly different from the concentrations of Ni in Column
6 with letter a.
When comparing Column 1 (50% OSP + 35% HAP) with Column 4 (80% OSP + 5% HAP), it is
demonstrated by Figure 5 that the releases of Ni, Cr, Cu, and Zn were inhibited well in both columns.
However, Column 4 with less proportion of HAP could not achieve an equal effect to Column 1 for
Ni, Cr and MeHg immobilization (Figure 5), and a significant correlation was observed by ANOVA
(p < 0.05) (Table 6) in MeHg concentrations of the two columns (Table 6).
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Table 7. Metal concentrations in six columns after adding acid (day 101–135)
Column Ni (n = 6)
(mg L−1)
Zn (n = 6)
(mg L−1)
THg (n = 6)
(μg L−1)
MeHg (n = 6)
(ng L−1)
1 0.029 ± 0.017ab 0.024 ± 0.038b 0.151 ± 0.094b 0.453 ± 0.544b
2 0.029 ± 0.017ab 0.033 ± 0.022ab 0.182 ± 0.162b 0.605 ± 0.672b
3 0.009 ± 0.010c 0.017 ± 0.023b 0.100 ± 0.096b 1.29 ± 0.729b
4 0.016 ± 0.012bc 0.049 ± 0.076ab 0.121 ± 0.106b 1.42 ± 0.532b
5 0.015 ± 0.005bc 0.038 ± 0.039ab 0.113 ± 0.057b 0.721 ± 0.311b
6 0.035 ± 0.011a 0.078 ± 0.036a 0.433 ± 0.251a 9.80 ± 8.20a
Different letters for metal concentrations in six columns indicate a significant difference at p < 0.05. For example,
the concentrations of Ni in Column 1 with letter a and b are significantly different from the concentrations of Ni in
Column 3 with letter c.
To compare FeS with CB, 5% FeS in Column 3 made it more effective in immobilizing Ni than 5%
CB in Column 2. On the other hand, Column 3 did worse than Column 2 for lowering the concentration
of MeHg in the long term, which was demonstrated doubly by Figure 5 and statistical analysis (Table 6).
The stabilization of different mixed caps under extreme condition with acid influent during day
101–114 is also shown in Figure 5. It was observed that the concentrations of Hg and MeHg in every
column increased during the days with acid influent (Figure 5f), especially for the controlled column
without capping (Table 7). Also, Column 6 released the most amount of Zn during day 101–114
(Figure 5d). The experimental results also suggested that columns with caps were less affected by acid
influent than the controlled one, which could be supported by strong significant correlations observed
by ANOVA between Column 6 and the other columns.
3.3.5. Total Organic Matter (TOC)
Figure 6 shows that the amount of TOC was positively related to the concentration of MeHg.
Column 4, with the largest percentage of OSP, released maximum MeHg during day 20–80. In a
later stage from approximately day 85, however, both MeHg and TOC concentrations in Column 6
increased suddenly.
Figure 6. Total organic carbon (TOC) in six columns during the operation
4. Discussion
The data of material properties showed the absolutely largest BET surface area and pore volume
of HAP, CB, and FeS, which may lead to its excellent performance during adsorption due to more
adsorption sites. In contrast, OSP is a non-porous material with insignificant surface area and pore
volume, but OSP still had appreciable adsorption performance for several metals, suggesting that the
adsorption behavior of OSP is different with its derived HAP. Abundant C content in CB indicated its
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additional benefits as an active material [31]. HAP was rich in H and O, probably as a result of the
richness of hydroxyl groups on its surface [32], contributing to its high ability as a metal scavenger [33].
In the part of batch experiments, OSP and HAP had the optimum removal efficiencies for Cr,
Zn, Cu, and Ni. HAP is regarded as an ideal material with large specific surface and high stability
under both reducing and oxidizing conditions [16]. It can release phosphate to interact with metals,
forming metal phosphates of low water solubility [34]. OSP has been proven to be able to raise the
pH value when applied to soil [35]. If the pH is above the value that promotes metal precipitation,
the removal mechanisms will be related to precipitation [36]. However, it is known that the hydroxides
of Ni have the highest solubility product (Ksp) among those of the five metals, making it comparatively
difficult for Ni to be removed by precipitation. As for Hg, FeS and CB showed the best immobilizing
ability due to their high Hg affinity. Notably, the CB used in this study was a waste tire recycled
product, which contains a significant amount of S that can form chemical bonding with Hg.
The metal potential leachability could determine their environmental risks, and it has been
reported to decrease in the order of Zn > Ni > Cu > Cr at pH 4 [37], which corresponded to the
concentrations of the five metals in the supernatant after incubation, revealed stronger leachability of
Ni and Zn, and was related to their behaviors in the microcosm.
It is generally accepted that sediment pH is an important factor in the adsorption of adsorbate
on adsorbent. Under low pH condition, most metal ions are in the cationic state in the solution.
The hydrogen ions can compete for the adsorption sites with the metal ions, influencing the exchange
adsorption of potential toxic metals, promoting the desorption of metal ions and causing a higher
release rate [38,39]. The ability of OSP to raise the concentration of hydroxide ions mentioned before
may account for the increase of pH in the columns and its high removal capacity of metals. As one of
the most important factors influencing the mobility of metals, the increase of ORP in sediment will
correspondingly promote the oxidization of metal sulfides and the degradation of organic compounds,
both accelerating the release of the adsorbed/complexing metals [40]. It appeared that ORP of Column
6 was higher than the other five capped in general, mainly due to the decrease of dissolved oxygen
caused by caps in the other five columns.
In the part of the lab-scale microcosm experiments, the data from Column 5 indicated the
unnecessary existence of kaolinite whether for adsorption or for stabilization in such a condition,
which is inconsistent with the suggestions from some earlier studies. The reason may be due to that
HAP and OSP could play the same role as kaolinite to stabilize the caps. The difference between
Column 1 and Column 4 shown in Figure 5 was related to different performances of HAP and OSP
to remove Ni as Figure 3a illustrated. Nevertheless, using caps mainly composed of OSP can yet
be regarded as a good choice when considering costs. In batch adsorption, FeS showed the third
best adsorption ability for Ni by a reduction of 10.73%, and yet CB hardly worked (Figure 3a). Thus,
the release in the later stage of the experiment of Ni in Column 2 may be due to the ineffectiveness of
CB. In contrast, Column 3 (5% FeS) did worse than Column 2 (5% CB) for lowering the concentration
of MeHg in the long term (Figure 3f). FeS can reduce the concentration of soluble Hg species, resulting
in less methylation of Hg [41]. Moreover, part of FeS was likely to be converted into insoluble HgS
and taken out by the overlying water, which may explain the unsuccessful results of Column 3 to
immobilize MeHg.
The relationship between TOC and MeHg during day 20–80 was likely caused by the remaining
organic matter existing in OSP. It has been observed that organic matter content seemed to play a critical
role for MeHg formation, acting as electron donor for Hg methylation bacteria [42,43]. The sediment in
Column 4 with more OSP would likely release a greater amount of MeHg. Without capping, TOC was
possibly easier to release from sediment, which then caused the uprush of MeHg in Column 6 from
day 85.
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5. Conclusions
Based on the results obtained from the aqueous batch experiments, OSP and HAP had the
optimum removal efficiencies to Cr, Zn, Cu, and Ni with CB taking the third place. As for Hg, FeS and
CB showed the best immobilizing ability. Kaolinite presented the weakest removal performance
towards all of these five metals, and lack of the presence of kaolinite did not show significant influence
on the hydraulic stability of mixed caps.
Based on the lab-scale microcosm experiments, the mixing ratio of 10% kaolinite + 2.5% FeS +
2.5% CB + 35% HAP + 50% OSP (i.e., Column 5) had the most prominent effect to immobilize the
five metals present in the test sediment. Although Column 4 (the lowest cost one) with 80% OSP
showed unsuccessful results for reducing Ni and MeHg, it performed well in inhibiting the release of
the other metals. When considering cost effectiveness and environmental impact, using caps mainly
composed of OSP can yet be a good choice. But when applied to real sites, decisions should be made
after comprehensive evaluations based on actual conditions.
This study helps to construct guidelines of using mixed materials mostly prepared from recycled
materials to remediate multi-contaminated sediments and provide some references for active capping
application and development. Results from this study would also be helpful in reducing the
human health and ecological risks by reducing the potential toxic metal release from sediment to
overlying water.
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Abstract: Industrial and domestic discharges of effluent is one of the major causes of heavy metal
pollution in aquatic ecosystems. Samples of benthic sediment and freshwater mollusc Bellamya
unicolor were collected from 5 sites in the River Kaduna to determine heavy metal concentration, their
ecological risk, and antioxidant enzymes activities in Bellamya unicolor. The results revealed the level
of pollution based on heavy metal concentrations across the sites in the order S5 > S3 > S4 > S1 > S2.
The ecological risk factor (ErF) revealed that Cd made the highest contribution to pollution, recording
the highest ErF (2206.41). Moreover, the results of correlation base multivariate analysis showed
that urban and industrial waste were the sources of Cu and Pb in the River Kaduna. The significant
positive correlation between metal concentration and antioxidants catalase (CAT) and superoxide
dismutase (SOD) was established, with maximum activities of antioxidants at site S5. Results from
this study have revealed potential ecological risk as a result of heavy metals pollution in the River
Kaduna. Hence the need for approaches and policies be put in place to prevent the discharge of
untreated industrial and domestic waste into this aquatic ecosystem.
Keywords: heavy metal; pollution; antioxidant; enzyme; biomarkers; ecological risk
1. Introduction
Industrialization and urban development are among the major causes of metal pollution in a
natural aquatic ecosystem [1]. The persistent nature and bioaccumulation ability of heavy metals in
trophic levels make these metals serious pollutants of the aquatic environment [2–4]. The presence of
heavy metals in an aquatic ecosystem either through adsorption or co-precipitation can threaten its
biodiversity, and the health of humans depending on the resources of that ecosystem [5,6]. However,
biological and chemical factors influence the mobility of heavy metals in aquatic environments by
desorption from sediments into the surface water [7]. This made the surface water a major intermediate
source of metal pollutants in benthic sediments, which is the definitive receptor [8,9].
Heavy metal concentrations of sediments and benthic organisms such as freshwater mollusc,
speciation and several analytical techniques are often used in the evaluation of probable ecological
risks in benthic sediments and their effect on the biota [10,11]. Several environmental factors and
pollution indices such as geoaccumulation index (Igeo), ecological risk factors (ErF) and sediment
quality guidelines (SQGs) have been used by several authors. It was used to measure the level or
degree of pollution caused by metal and the ecological risk posed by metals in benthic sediments [12].
Although chemical speciation is ignored, it can be considered as subjective when evaluation of the
level of pollution is computed based on Igeo and ErF. This is done because of the efficiency of these
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indices in utilizing both the concentration and toxic effect of metals to draw valuable conclusions on
risk assessments [13,14].
The discharged industrial and domestic effluent containing toxic metals in aquatic ecosystems is a
major concern to the survival of aquatic biota. Freshwater molluscs are not an exception. Although
they have devised a means of bioaccumulating the metals even at high levels, due to their high tolerant
ability to metal concentrations [15]. This ability makes them a good bio-monitor and bio-indicators of
metal pollution in aquatic ecosystems [15,16]. The need to involve freshwater mollusc in ecological risk
assessment studies does not stop at their ability to accumulate metal pollutants in high concentration.
They also form an important link in the metal cycle for aquatic ecosystems and occupy a trophic level
in the aquatic food chain [17,18].
Heavy metal concentrations in high levels can lead to the generation of reactive oxygen species
such as H2O2, OH, RO2 among others [19,20]. The manifestation of oxidative stress as a result of
oxidative damage to proteins, nucleic acids, and lipids in aquatic organisms exposed to metal-polluted
environments is triggered by reactive oxygen species (ROS). This happens when the process of
detoxifying metals by organisms has to do with redox cycling reactions [20]. However, another
important biomarker of oxidative stress known as defensive antioxidant enzymes is found in
organisms [20,21], to scavenge ROS produced in organisms because of metal pollution and oxidative
stress. Therefore an increase in ROS formation as a result of an increase in metal pollution triggers an
increase in the production of antioxidant enzymes [22,23]. This phenomenon leads to the utilization of
antioxidants as biomarkers of environmental pollution, which is a source or primary cause of oxidative
stress in organisms [23].
In this study, five sites were selected to evaluate the risk assessment of heavy metals in the River
Kaduna. Hence, to achieve the aim of this study, we determined concentrations of heavy metals in
sediments and the freshwater mollusc Bellamya unicolor, pollution indices and antioxidant enzyme
activities in Bellamya unicolor across the five sites.
2. Materials and Methods
2.1. Study Area
The study area is located in Kaduna state (Lat. 10.52◦ N and Lat. 12◦ N, Long. 7.44◦ E and Long.
9◦ E). Kaduna state is located in the northern guinea savannah zone of Nigeria as one of the most
developed industrial cities (Figure 1). The textile industry, flour mill, fertilizer, plastic, agrochemical,
brewery, and bottling companies are some of the major industries sited in Kaduna state. The climatic
conditions like most of Nigeria are characterized by the dry and wet season. The wet season commences
either in April or May and ends in October of the same year while the dry season begins towards the
end of October and ends in March the following year. Annual rainfall on average is between 1450 to
2000 mm with a temperature regime average of 25 to 43 ◦C, and relative humidity estimated to be
between 20 and 40% in January and 60 to 80% in July. The solar radiation of the Kaduna state was
25.0 Wm−2 day−1 [24].
The River Kaduna is one of the major rivers in Nigeria. It stretches southwest and south course
before completing a flow of 550 KM into River Niger. During its course through Kaduna city, it
stretches along the southern part of the state through Kakuri where it receives industrial and domestic
wastewater. It serves as a source of domestic water supply and irrigation farming for Kaduna urban
settlements and its various industries [25].
2.2. Collection of Samples
Surface sediments (0–10 cm) were collected along a stretch of River Kaduna from five sites base
on the type of anthropogenic activities, stages for the stretch of the river either downstream, upper
or in between, and history of sediment pollution. Coordinates of the sites selected were determined
and recorded using a T10 handheld Global Positioning System (GPS) receiver. At each site, five grab
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hauls were sampled using an Ekman’s grab. The samples were sorted in the field to separate Bellamya
unicolor from the sediment samples. Bellamya unicolor were identified as described by Brown and
Kristensen [26]. After sorting, the samples were placed inside zip lock bags and stored in the icebox to
be transported to the laboratory for further analysis.
Figure 1. Map of River Kaduna showing sampling sites.
2.3. Treatment of Samples and Determination of Heavy Metals
Sediment samples were freeze-dried and grounded while samples of Bellamya unicolor were
treated and prepared for heavy metal determination and antioxidant enzyme activities assays; 0.4 g of
grounded freeze-dried samples was digested in 8 mL of 1:1 HNO3:HCl and kept for 1 h in Anton-Paar
PE Multiwave 3000 (microwave oven) set at 200 ◦C [1,27].
For the freshwater mollusc Bellamya unicolor samples, 0.3 g of the grounded samples were digested
chemically in 3:1 HNO3:H2O2 and maintained for 45 min at 180 ◦C. The volume was then made up to
50 mL using ultra water. The solutions were left to stand after the mixture until the following day. The
solute from the digested solution of sediment and Bellamya unicolor tissue was then transferred into
polypropylene vials after filtration, stored between 4–5 ◦C and later analyzed for heavy metals using
inductively coupled plasma optical emission spectrometry (ICP-OES, Thermo, Waltham, MA, USA).
2.4. Assay of Antioxidant Enzymes Activities
Bellamya unicolor tissues were separated from the shell and washed with deionized water; 0.25 g of
the tissue sample was then homogenized using 0.01 (M) chilled phosphate buffer at pH 7 with ice-cold
mortar and pestle. The homogenate was later centrifuged for 25 min at 4 ◦C and 14,000 rpm [1,28].
The supernatant from the centrifuged samples was used for the measurement of antioxidant enzyme
activities using an LT-291 Single Beam ultraviolet-visible (UV-VIS) spectrophotometer.
2.4.1. Assay of Catalase (CAT)
Catalase (CAT) activities in the supernatant of initially centrifuged samples of Bellamya unicolor were
assayed as described by Chance and Maehly [29]. CAT activities were estimated spectrophotometrically
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at 230 nm. The enzyme extract prepared initially was used to measure the activity of catalase. Specific
activity was expressed as Ug−1 protein. 1 IU = change in absorbance/min/extinction coefficient (0.021).
2.4.2. Assay of Superoxide Dismutase (SOD)
The activity of superoxide dismutase (SOD) was determined using the method of Kakkar et al. [30].
The initial supernatant prepared was purified by precipitating the protein using 90% ammonium
sulphate before an assay of enzyme activities. The fraction was then dialysed against 0.0025 M tris-HCl
buffer (pH 7.4) and the supernatant was used as the source of enzyme. The content of the assay solution
was made up of 1.2 mL of sodium pyrophosphate buffer, 0.1 mL of phenazine methosulphate (PMS),
0.3 mL of nitro-blue tetrazolium (NBT), 1.3 mL of distilled water and 0.1 mL of the enzyme source.
The supernatant was kept inside the vials at 30 ◦C for 90 s and the reaction was stopped by adding
1 mL of glacial acetic acid. 4.0 mL of n-butanol was added to the reacting mixture and mixed properly,
then allow to stand for 10 min and the upper portion of the butanol layer was decanted. Absorbance
was measured at 560 nm against a blank of n-butanol. A system that lacks enzyme was used as the
control and one unit of activities of the enzyme was define as its concentration needed to inhibit 50%
production of chromogen per minute. Specific activity was expressed as Ug−1 protein. 1 IU = change
in absorbance/min/extinction coefficient (0.021).
2.5. Sediment Contamination and Ecological Risk Assessment
The geo-accumulation index (Igeo) provides a good explanation of the contamination or pollution
status of sediment and thereby gives a better understanding of the possible threat of metal pollutants
to natural ecosystem settings [31]. For that reason, Igeo was applied in this study as a quantitative
indicator, putting into consideration the classifications that evaluate the level of pollution as described
by Müller [32]. This index is expressed mathematically as:
Igeo = log2[
Cn
1.5× Bn ] (1)
where Cn and Bn are the metal concentration in the sediment and geochemical background value of the
element (n).
The levels of metal contamination were classified into seven levels: uncontaminated (<0),
uncontaminated to moderately contaminated (0–1), moderately contaminated (1–2), moderately to
strongly contaminated (2–3), strongly contaminated (3–4), strongly to extremely contaminated (4–5)
and extremely contaminated (>5) [32].
In aquatic ecosystems generally, sediment quality guidelines (SQGs) are utilized to assess the
potential risk posed by pollutants to the natural ecosystem [33]. Sub variables of SQGs, which are
threshold effect limit (TEL) and probable effect limit (PEL), were used for comparison with metal
concentrations in sediment to conclude possible potential ecological risk. The concentrations of metals
less than the threshold effect limit (TEL) denote a minimal effect, below which there is no expectation
for adverse effects. However, metal concentrations at or greater than the probable effect limit (PEL)
denote likely frequent occurrence of adverse biological effects (Table 1).
The ecological risk factor (ErF) was used to further assess the status of metal pollution in sediment
and its possible toxicological effect with a comprehensive evaluation of ecological risk constituted by
metal contaminants. The basis for the classification of ErF values for metal pollutants was as described
by Hakanson [34]. For a particular metal, ErF was expressed as:
ErF = Tri × CFi (2)
where Tri is the toxic response factor of a given metal (i) (Pb = 5, Zn = 1, Cu = 5 Cd = 30, Cr = 2, Ni = 5,
Mn = 1) and CFi is the contamination factor of metal (i).
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The classification of ErF is in five classes according to Hakanson [34]: low risk (ErF < 30), moderate
risk (30 ≤ ErF < 60), considerable risk (60 ≤ ErF < 120), high risk (120 ≤ ErF < 240) and very high risk
(ErF ≥ 240).
2.6. Data Analysis
SPSS 22.0 and Minitab version 17.0 statistics software were used for data analysis. At 95%
confidence interval (p < 0.05); analysis of variance (ANOVA) was used to test for significance in mean
concentrations of metals across sites both in sediment and the freshwater mollusc Bellayma unicolor.
Pearson correlation, principal component analysis (PCA) and cluster analysis were used to determine
the sources of metal pollutants, the significant relationship between the metals, the relationship between
the sites in terms of heavy metal concentration, and the influence of metal concentrations on antioxidant
enzymes activities in Bellamya unicolor.
3. Results
3.1. Concentrations of Heavy Metals in Sediment and Freshwater Snail
The summary and some important statistics on heavy metal concentrations in sediment and
freshwater mollusc from the River Kaduna used sediment quality guidelines (SQGs) to draw some
important conclusions in our study which are presented in Table 1. The concentrations of the heavy
metals were compared across the five sites studied both in sediment and freshwater mollusc. Site
S5 which is the upstream recorded higher concentrations of heavy metals while site (S1) which the
upstream recorded the least concentrations of the nine heavy metals studied.
The ranges for heavy metal concentrations in sediments were 34.54–165.32 mg/kg, 6.36–78.98 mg/kg,
1.63–59.01 mg/kg, 4.50–61.48 mg/kg, 0.96–58.84 mg/kg, 16.09–79.20 mg/kg, 39.43–96.08 mg/kg,
2.64–60.08 mg/kg and 11.42–62.61 mg/kg for Fe, Mn, Cu, Zn, Cd, Cr, Pb, Ni and Co respectively.
Heavy metal concentrations in freshwater mollusc were lower than the concentrations in the sediment
which ranged from Fe: 6.61–33.30, Mn: 1.34–22.75, Cu: 0.54–16.51, Zn: 1.74–18.63, Cd: 0.92–17.52, Cr:
4.26–17.24, Pb: 6.24–24.20, Ni: 0.63–14.17 and Co: 1.6–21.46.
A comparison was made between heavy metal concentrations in benthic sediment samples with
TEL and PEL (Table 2). The result of the comparisons revealed that Cu, Cd, Cr, Pb, and Ni fell between
TEL and PEL for 46.4, 20.8, 57.4, 100 and 61.2% of the samples respectively. However Cd again also
had a value above PEL for 79.2% of the samples.
3.2. Ecological Risk Assessment of Heavy Metals
3.2.1. Geo-Accumulation Index (Igeo)
In this study, the values of Igeo recorded for heavy metal concentrations of sediment samples from
the River Kaduna are presented in Table 3. Based on the classification by Muller [32], the recorded
values of Igeo for Cd at sites S1 (−2.39) and S2 (−2.91) fell into class zero, which means the sediments in
S1 and S2 were unpolluted by Cd. In contrast, all the sites were found to be extremely polluted with
the other heavy metals with Igeo > 5 falling in class 6. However, site S4 Igeo (0.33) for Cd fell in class 1,
and S3 (3.53) and S5 (3.56) fell in class 4 indicating unpolluted to moderate pollution, and strongly
polluted respectively.
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Table 3. Geoaccumulation (Igeo) values of heavy metals in sediments and their class.
Igeo
Sites Mn Cu Zn Cd Cr Pb Ni Co
S1 11.81 5.61 8.15 −2.39 9.89 9.00 6.42 5.78
S2 12.47 7.04 8.40 −2.91 10.31 9.03 7.51 7.13
S3 15.34 10.79 11.96 3.53 12.09 10.31 11.40 9.62
S4 13.68 8.18 10.07 0.33 10.96 9.72 9.24 7.84
S5 15.44 10.79 11.93 3.56 12.21 10.32 11.41 9.63
Mean 13.75 8.48 10.10 0.42 11.09 9.68 9.19 8.00
Level 6 6 6 1 6 6 6 6
Note: S = Site.
3.2.2. Ecological Risk Factor (ErF)
For ErF results of heavy metal concentrations in the River Kaduna, the level of pollution was in
the order Cd > Co > Ni > Pb > Cr > Cu > Zn >Mn (Table 4). Compared to other heavy metals, Cd ErF
revealed a high metal pollution level especially at site S5 (ErF = 2206.41). However, the values of ErF
for Mn, Cu, Zn, Cr, Pb, Ni, and Co revealed low potential ecological risk or pollution. But in total, the
multi-metal ErF as reflected for variation in sites classified the sediments into low pollution to very
high pollution in the sequence S5 > S3 > S4 > S1 > S2. Sites S3, S4, and S5 were classified as having
very high ecological risk with ErF ≥ 320, S2 as a low potential ecological risk with ErF <40, and S1 as a
moderate potential ecological risk with ErF falling between 40–79.9.
Table 4. Enrichment factor (ErF) values of heavy metals in sediment samples from the River Kaduna.
(Individual Metal) (Multi-Metal) ErF
Sites Mn Cu Zn Cd Cr Pb Ni Co ErF
S1 0.01 0.02 0.03 35.86 0.32 2.27 0.38 1.32 40.21
S2 0.02 0.07 0.04 25.31 0.43 2.32 0.58 3.26 32.03
S3 0.16 0.62 0.44 2160.00 1.45 5.60 8.51 17.74 2194.52
S4 0.09 0.32 0.24 1103.20 0.88 4.07 4.56 9.26 1122.61
S5 0.17 0.62 0.45 2206.41 1.58 5.65 8.58 17.89 2241.35
Mean 0.09 0.33 0.24 1106.16 0.93 3.98 4.52 9.89 1126.14
Note: S = Site.
3.3. Identification of Pollution Sources
Pearson correlation analysis (Table 5) revealed significant relationship between the metals except
Fe–Mn (0.584), Fe–Cr (0.632), Mn–Cu (0.567), Cu–Zn (0.619), Mn–Pb (0.592), Cu–Cr (0.555), Cu–Ni
(0.622), Cr–Pb (0.572) and Pb–Co (0.608). However, Cd concentration at p < 0.05 and p < 0.01 was
significantly correlated with all the other metals concentrations.
Table 5. Pearson correlation analysis among heavy metals and antioxidant enzymes.
Fe Mn Cu Zn Cd Cr Pb Ni Co SOD CAT
Fe 1
Mn 0.584 1
Cu 0.777 ** 0.567 1
Zn 0.671 * 0.984 ** 0.619 1
Cd 0.728 * 0.971 ** 0.660 * 0.985 ** 1
Cr 0.632 0.988 ** 0.555 0.993 ** 0.981 ** 1
Pb 0.765 ** 0.592 0.994 ** 0.638 * 0.671 * 0.572 1
Ni 0.672 * 0.978 ** 0.622 0.993 ** 0.988 ** 0.992 ** 0.634 * 1
Co 0.640 * 0.982 ** 0.585 0.993 ** 0.983 ** 0.987 ** 0.608 0.986 ** 1
SOD 0.809 ** 0.822 ** 0.845 ** 0.827 ** 0.877 ** 0.809 ** 0.860 ** 0.832 ** 0.822 ** 1
CAT 0.567 0.779 ** 0.758 * 0.765 ** 0.769 ** 0.735 * 0.801 ** 0.759 * 0.777 ** 0.904 ** 1
Note: ** Correlation is significant at the 0.01 level (2-tailed), * Correlation is significant at the 0.05 level (2-tailed),
SOD = Superoxide dismutase, CAT = Catalase.
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The similarity in terms of the pattern of distribution of heavy metals was established through the
utilisation of principal component analysis (PCA); PCA pulls the data together into a form that can be
managed easily and takes out a small number of latent factors to analyse the relationship between the
variables observed [35,36]. PCA was applied here primarily to evaluate the source origin of heavy
metals in the region.
The results for PCA are presented in Table 6. The high eigenvalue is an indication of pattern and
to what extent the data is spread and this leads to consideration of high eigenvalue as the principal
component. The components/factors associated with the results of PCA for heavy metals in sediments
and freshwater mollusc had a total variation of 92.5%. Component 1 (PC1) recorded the highest
eigenvalue of 13.82, accounting for 76.80% of the total variation, and dominate the other components
with more significant variation and strong positive loadings (>0.90) of Mn, Cu, Cd, Cr, and Pb in
the sediment. Component 2 (PC2) accounted for 8.81% of total variation and had moderate positive
loadings (>0.50) of Cu and Pb in the sediment. Component 3 (PC3) accounted for 6.89% of the total
variation having moderate positive loadings (>0.50) on Co.
Table 6. Principal component analysis (PCA) loadings for heavy metals in sediment (Sd) and Bellamya
unicolor (S).
Component
Heavy Metal PC1 PC2 PC3
Fe_S 0.74 0.40 0.03
Mn_S 0.97 −0.20 −0.02
Cu_S 0.73 −0.23 0.01
Zn_S 0.98 −0.17 −0.02
Cd_S 0.99 −0.10 0.00
Cr_S 0.97 −0.23 −0.02
Pb_S 0.75 −0.17 0.05
Ni_S 0.98 −0.16 0.03
Co_S 0.97 −0.22 0.30
Fe_Sd 0.85 0.26 0.21
Mn_Sd 0.97 −0.18 0.07
Cu_Sd 0.97 0.63 −0.01
Zn_Sd 0.68 0.36 −0.05
Cd_Sd 0.98 −0.18 −0.05
Cr_Sd 0.98 −0.16 0.01
Pb_Sd 0.97 0.60 −0.09
Ni_Sd 0.67 0.33 −0.52
Co_Sd 0.24 0.07 0.95
Eigenvalue 13.82 1.59 1.24
Total variance (%) 76.80 8.81 6.89
Note: Method of extraction: principal component analysis. Rotation method. Bold numbers indicate a strong
loading value (>0.9); moderate loading value (>0.5).
Cluster analysis reveals the relationship between sampling sites (Figure 2a) based on heavy metals
concentrations and also the relationship between the metals (Figure 2b). For the relationship between
the sites, three (3) clusters were formed at a similarity level of 89.09. The first cluster presented only site
S1 and the second cluster had only site 2 while the third cluster grouped sites S3, S4, and S5. Four (4)
clusters were formed for the relationship between the metals at a similarity level of 99.57. The clusters
were Cluster 1 (Fe), Cluster 2 (Mn, Cr, Cu, Cd, and Pb), Cluster 3 (Zn and Ni) and Cluster 4 (Co).
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(a) (b) 
Figure 2. Cluster analysis for the relationship between (a) sites; (b) heavy metals.
3.4. Antioxidant Enzyme Activities
Antioxidant enzymes such as CAT and SOD can be used to monitor changes in an environment
through the measurement of their activities in an organism present in that same environment. The
activities of CAT and SOD in this study are shown in Figure 3a,b respectively. Significant variation
existed at p < 0.05 across the sites for the two antioxidants with sites S5 recording the highest activities
for both CAT and SOD. However, CAT activities ranged from 6.67–72.46 Ug−1 protein and SOD
2.70–12.49 Ug−1 protein. The sequence for activities of CAT and SOD across the sites; S5 > S3 > S4 > S1
> S2 corresponded with that of heavy metals concentrations, Igeo and ErF.
(a) (b) 
Figure 3. Antioxidant enzymes activities in Bellamya unicolor across the sites for (a) catalase (CAT);
(b) superoxide dismutase (SOD).
A significant positive correlation (p < 0.01) and (p < 0.05) existed between CAT, SOD and all the
heavy metals except Fe (0.567) which did not correlate with CAT significantly.
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4. Discussion
The high concentrations of heavy metals recorded in this study downstream (S5) and the significant
variations across the sites both in sediment and freshwater molluscs can be as a result of anthropogenic
activities from the nearby settlements and the industries sited close to the aquatic ecosystem under
study [37,38]. However, even though reduced to non-anthropogenic activities were seen or recorded
at site S1 which is located upstream, concentrations of heavy metals were still recorded. This can
be due to the atmospheric deposition of heavy metals and the effect of runoff that ends up in the
river [17,39]. The deposition of metals from the atmosphere, industries located at the catchment,
effluents of agrochemical sources and domestic sewage discharge forms part of the input for metal
pollutants of anthropogenic sources. Their effect is reflected in natural aquatic ecosystem sediments
with negative consequences to benthic organisms and the general wellbeing of the ecosystem [40,41].
Several authors [4,6,14] report similar findings in ecological assessment of the aquatic ecosystem
having variations in different sites, with maximum concentration at sites with industrial plants and
more anthropogenic activities.
The concentrations of heavy metals such as Cu, Cd, Cr, Pb and Ni that fall between TEC and
PEC values for 46.4, 20.8, 57.4, 100 and 61.2% respectively from sediment quality guidelines of the
freshwater ecosystem may be an indication of occasionally serious negative effects of this metals upon
the ecosystem under study [4]. However, 79.2% of samples with a concentration of Cd greater than
PEL reflected the frequent occurrence of biological effect [42]. Comparison is made between metal
concentrations with TEC and PEC values to identify if heavy metals present in the sediment has the
possibility of threatening the aquatic life [14,42].
This site has industries sited close to it and receives effluents from the industries. Hence, serious
attention might be required at this site due to high concentrations of metal pollutants in comparison
with the other sites. Pollution as a result of industrial effluent and domestic waste discharge contributes
to the rise in concentrations of metal pollutants leading to contamination of the ecosystem [4,43].
The Igeo of heavy metals in sediments were generally higher in site S5 and lower in sites S1 and
S2. Igeo scoring of S1 and S2 into class zero [32] for Cd indicate no contamination with Cd. Cd is well
known as one of the major pollutants with industrial effluents and domestic sewage as its source [43].
However, extreme pollution of the sites with heavy metals especially S5 with Igeo >5 having a score
of 6 reflects on the source variations of the metal pollutants and the nature of catchments. Site S5 is
downstream where the other stretch of the river ends up, receiving some of its contents apart from the
effluents received from the nearby industrial plants. Downstream has been reported in several studies
to have more pollutants affecting the natural wellbeing of that particular ecosystem setting [44–46].
Considerable ecological risk exhibited by the metals across the sites is linked with the level of
geoaccumulation recorded. The ecological risk was consistent with Igeo for both metals and site variation
as revealed by multi-metal ErF. Cd posed a high ecological risk in River Kaduna with an expectation of
an adverse effect expected to occur suggesting that they are present in high concentrations, especially
at site S5 with the maximum ErF value. This major ecological risk in surface sediment of the River
Kaduna by Cd must have been seriously influenced by anthropogenic activities, leading to a high toxic
response factor [6]. The low and moderate potential ecological risk in sites S1 and S2 may be a result of
metals present in residual forms and minimal concentrations [31,47,48].
Source and migration of metals may be reflected by correlation analysis and PCA [49,50].
Non-significant correlation between Fe–Mn, Fe–Cr, Mn–Cu, Cu–Zn, Mn–Pb, Cu–Cr, Cu–Ni, Cr–Pb, and
Pb–Co indicates different factors controlling the availability and concentrations of these metals [4,9].
This implies the metals might have originated from different sources. This was also revealed in the
PCA; the groupings of metals, and component 1 and 2 accounting for 76.80% and 8.81%, respectively,
with strong positive loading of Mn, Cu, Cd, Cr and Pb in the sediment and moderate positive loading
of Cu and Pb in the sediment. This implies urban and industrial waste to be the source of Mn, Cu, Cd,
Cr and Pb [51,52].
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Similarity and dissimilarity in groups are effectively represented using cluster analysis. Three
cluster formations for sites under study revealed a close relationship between these sites. Grouping of
S3, S4, and S5 together at a similarity level of 89.09 indicates possible similarities in human activities,
site morphology and the pristine background types of sources [53]. The significant relationship
revealed by cluster analysis at 99.57 similarity level for the relationship between the metals, grouping
Mn, Cr, Cu, Cd, and Pb together makes it possible that they have the same natural and anthropogenic
sources [54,55]. This is also a link to the multiple effects of these metals on benthic organisms. For
example, Bellamya unicolor collected during our sampling for this study. Our result agrees with the
finding of Peijnenburg et al. [56]; Li et al. [55]; Chung et al. [54]. These authors assess and monitor
heavy metal sources and their risk in different aquatic environments.
CAT and SOD activities were used in this study as biomarkers to measure the extent of stress in
the River Kaduna as reflected in Bellamya unicolor sampled from the same environment at different
sites. CAT and SOD are a type of antioxidant enzyme that scavenges reactive oxygen species (ROS)
(H2O2, OH, O2, etc.) produced by organisms as a result of oxidative stress caused as a result of
unfavorable environmental conditions such as metal pollution [1]. Significant variation in CAT and
SOD activities across the sites with high activities in site S5 may be a result of different concentrations
of ROS production at the sites with high concentrations at site S5 due to high metal pollution [57]. The
scavenging ability of antioxidants increases through their activities in response to increased ROS to
reduce or prevent membrane lipid peroxidation by ROS and to improve membrane stability of the
cell [58,59].
The significant positive correlation between the antioxidants and the metals showed that
the organism Bellamya unicolor is under stress as a result of an increase in metal contamination.
Bakshi et al. [1] report similar findings for the biological response of an aquatic organism to metal
contamination through antioxidant activities. They revealed an increase in antioxidants with a spatial
and temporal increase in heavy metal concentrations.
Our results in this study tend to bridge the gap in knowledge for metal pollution risk assessment,
and the use of CAT and SOD as primary biomarkers in benthic organisms of a tropical ecosystem.
There has so far been no report, to the best of our knowledge, assessing risk assessment using ecological
indices, antioxidant enzymes and Bellamya unicolor as a biomonitor. Our study will provide data to be
used as a baseline for studies in the River Kaduna and other related tropical rivers in the same region.
5. Conclusions
The results from this study provide information on the contamination of heavy metals Fe, Mn, Cu,
Zn, Cd, Cr, Pb, Ni, and Co in surface sediment of the River Kaduna and their bioavailability in the
freshwater mollusc Bellamya unicolor sampled from the same ecosystem.
At a 95% confidence interval, significant variation existed in the concentration of metals in surface
sediment and freshwater molluscs across the sampling sites with the site S5 (downstream) having the
maximum metal concentrations.
Cd concentration in sediment was greater than PEL, which implies likely frequent occurrence of
biological effect by Cd in the River Kaduna with the possibility of threatening the aquatic life. This
was reflected in Cd ErF values that are higher than the values of ErF for other metals. Igeo and ErF
values follow the same sequence with maximum values at site S5 revealing very high ecological risk
with Igeo > 5 and ErF > 320. Mn, Cu, Cd, Cr, and Pb originate mainly from urban and industrial waste
as revealed by PC1 and PC2 analysis while S3, S2, and S3 have similar anthropogenic activities and
natural metal inputs as shown in cluster analysis. Significant variations existed in CAT and SOD
activities in Bellamya unicolor across the sites with maximum activities recorded at sites S5 for both
antioxidants. This also coincides with the high values of Igeo and ErF at site S5. However, there is a
significant positive correlation between the antioxidants and metal concentrations.
Important approaches and policies should be put in place to prevent the discharge of untreated
industrial and domestic waste into the River Kaduna. The approach should involve the prevention of
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irrigation farming close to the river and, in that way, non-point sources of pollution can be abated and
there can be a decrease in ecological risk associated with metal pollutants.
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Abstract: Gold mining uses chemicals that are discharged into rivers without any control when there
are no good mining practices, generating environmental and public health problems, especially for
downstream inhabitants who use the water for consumption, as is the case in Monterrey township,
where the Boque River water is consumed. In this study, we evaluate Boque River water quality
analyzing some physicochemical parameters such as pH, heavy metals, Hg, and cyanide; bioassays
(Lactuca sativa, Hydra attenuata, and Daphnia magna), mutagenicity (Ames test), and microbiological
assays. The results show that some physicochemical parameters exceed permitted concentrations
(Hg, Cd, and cyanide). D. magna showed sensitivity and L. sativa showed inhibition and excessive
growth in the analyzed water. Mutagenic values were obtained for all of the sample stations.
The presence of bacteria and somatic coliphages in the water show a health risk to inhabitants.
In conclusion, the presence of Cd, Hg, and cyanide in the waters for domestic consumption was
evidenced in concentrations that can affect the environment and the health of the Monterrey inhabitants.
The mutagenic index indicates the possibility of mutations in the population that consumes this
type of water. Bioassays stand out as an alert system when concentrations of chemical contaminants
cannot be analytically detected.
Keywords: bioassays; gold mining; health risk; mercury; microbiological indicators; mutagenicity; toxicity
1. Introduction
Gold mining in developing countries is the main source of income for 30 million miners globally.
About 12% of global gold production is through illegal mining that provides a significant economic
benefit to miners but also proves hazardous/harmful for the environment by causing impacts such as
water source sedimentation, land cover degradation, deforestation, soil degradation, and chemical
contamination with mercury, cyanide, nitric acid, and zinc [1–3]. In Colombia, despite the various
alternatives to avoid the use of Hg in gold extraction, the use of the elemental Hg–Au amalgamation
method in small-scale artisanal mining areas is extensive [4,5].
Within the gold mining protocols, mercury and cyanide play an important role. These materials
are easy to use, available at a low-cost, and easily accessible. However, there is little awareness among
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the users or villagers about the use risk of cyanide and mercury in the gold extraction process [1,2].
This activity has led to serious pollution of terrestrial and aquatic ecosystems in emerging countries,
impacting mining and fishing communities, and also these polluting elements can reach human
beings [4–7].
According to the records of the Colombian Mining Association (ACM), gold production increased
in 2020, going from 8.9 tons in 2019 to 9.5 tons in the first quarter of 2020, this represents a growth
of 7% [8]. On the other hand, for gold extraction, 86% is considered illegal, taking place without a
recognized mining title or without being registered. Medium-scale mining constitutes up to 26% and
large-scale mining only takes up 2% of the total [9,10]. The population of the Bolívar department is
2,195,811 inhabitants, according to DANE’s (National Statistics Administrative Department) projection
for 2019 [11]. According to Carranza-Lopez et al. [4] the gold-mining districts (GMDs) at the department
of Bolívar have extensive Hg contamination, and this situation requires special attention to reduce
environmental and human health problems.
Municipalities of Montecristo, Santa Rosa del Sur, San Martín de Loba, Morales, San Pablo,
Barranco de Loba, and Simití that are in Bolívar are where gold mining mainly takes place. Simití is
known as the municipality that has the largest gold mining activity within the Bolívar department.
It has an estimated population of 10,360 inhabitants in an area of 1345 km2, the mining activity occurs
in the Boque River, which flows in Simití. It starts on Serranía San Lucas, passes through Monterrey
district, and flows into Magdalena River [12–14] (Figure 1).
Figure 1. Location of sampling stations in Monterrey, Simití-Bolívar, Colombia. Source: authors.
Gold mining in Middle Magdalena has been carried out through artisanal practices, without
considering the implications in the community and ecosystems due to the practice of non-regulated
techniques affecting the environment, natural resources as well as health conditions and welfare of the
population. Gold mining severely affects water resources, biodiversity, animals, flora, and fauna in
its geographical area. In addition, the presence of certain types of mining settlements bring to pass
certain types of domestic wastewater discharges without treatment to the Boque River, affecting the
quality of the water and the inhabitants downstream [15–19]. The discharge of wastewater into a water
body involves a large number and diversity of heavy toxic chemicals, many of which are unknown.
These chemicals may react with each other, which can increase the toxicity level, which creates a
negative impact on the structure and functioning of the natural ecosystem [4,20].
To determine the effect of gold extraction in the region, the evaluation of physicochemical
parameters of the water is required. Nevertheless, the illegal settlements do not have sanitation
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systems, so microbiological contamination becomes an additional problem. However, even if in some
of the above-mentioned situations the parameters could be between the legal requirements, it should
be considered that trace heavy elements might have an impact on the population and the ecosystem
after long periods of exposure. Thus, it is necessary to test different representatives of the trophic chain
to identify the impact of the pollutants through bioassays tests [20–23].
Bioassays are described as alert mechanisms for long-term periods of exposure to chemical
pollutants. These are used as indicators of substances that are harmful to living cells and tissues,
useful even in the cases where physicochemical parameters fulfill the requirements of water quality [24].
Likewise, this possible bioaccumulation of chemical elements in the trophic chains can generate
mutagenicity or toxicity, which is why it is important to be able to establish whether a complex system
such as a water sample from a mining region has these undesirable characteristics, which can be
detected by the Ames test or bioassays [25–27]. Some Latin American countries have made progress in
the application of toxicity tests, while for Colombia, toxicity tests in natural environments are scarce
compared to the evaluation of hazardous waste and industrial dumping [28,29]. On the other hand,
the Ames test has proven to be effective for the identification of potentially carcinogenic or mutagenic
chemicals, achieving its immediate adoption and its requirement by regulatory authorities around
the world [30]. In the Ames test, Salmonella typhimurium (S. typhimurium) is used as an indicator of
bacterial mutagenesis as a consequence of exposure to chemical contaminants [25,26].
Taking into consideration that the water of the Boque River is used in human consumption
without treatment and it collects chemical pollutants from the mining activity, such as mercury and
cyanide, the use of the Ames test in the evaluation of this water will permit the evaluation of its possible
carcinogenic or mutagenic effect, making it a relevant issue for the inhabitants of Simití. For this
reason, it is necessary to have data on bioassays and Ames test indicators in environmental samples,
especially in mining, which has become one of the most important fonts of economic resources in
Colombia and at the same time of damage not sufficiently evaluated to date. In order to have a complete
evaluation of the water quality in relation to the possible presence of bacteria, viruses, and parasites
and the risk to the inhabitants, it is necessary to use indicators of fecal contamination, with the most
used indicators being total coliforms and Escherichia coli as bacterial indicators and somatic phages as
viral indicators, which allow indication of the presence of pathogenic microorganisms in the water.
The aim of this research is to evaluate the impact generated by the exploitation of bad mining
practices such as the use of dangerous chemical compounds in gold mining, which are drained into
surface waters such as the Boque River in the South of Bolívar, Colombia, as well as the waste generated
in the mining settlements. The assessment of the impact on the environment, living organisms,
and human health will be done through the detection of heavy metals, microbiological indicators,
and bioassays, which through a joint assessment will provide important aspects to protect the health of
the inhabitants of Monterrey.
2. Materials and Methods
2.1. Study Area
The Boque River has an approximate area of 876 km2 and merges into the Magdalena River.
The Monterrey district belongs to the Municipality of Simití, Department of Bolívar (Colombia).
The inhabitants who live within the Monterey township collect and use the water from the Boque River
for different activities, this being the main source of water supply (Figure 1) [27].
2.2. Water Physicochemical Analysis, Heavy Metals, and Cyanide Detection
Some physicochemical parameters were analyzed such as pH (pH/T tester pHep®4,
Hanna Instruments, RI, USA) [31], chemical oxygen demand (COD photometer Hanna Instruments,
New England, RI, USA) [32], and total solids by the gravimetric method [33]. The detection of heavy
metals was performed using a Varian SpectrAA 220 G Atomic Absorption Spectrometer(Varian-Agilent
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Inst., Palo Alto, San Francisco, CA, USA), following previous publications: cadmium, chromium, zinc,
and nickel [34]; mercury in a direct mercury analyzer (DMA-80, Milestone Inc., Sorisole, Italy) [35];
and cyanide in a portable photometer (Hanna Instruments, RI, USA) [36]. All reactive, analytical
standards and reference materials were purchased from Merck (Merck KGaA, Darmstadt, Germany).
The results obtained in the samples from Village Gato, Village Tigui, and the water catchment of the
Boque River were compared with normative 0631/2015 [37], which establishes the parameters to be
monitored and maximum permissible limits in the specific discharges of non-domestic wastewater
(precious minerals and gold). While for houses and deep-well underground sites, they were evaluated
in compliance with normative 2115/2007 [38], which regulates water for human consumption.
2.3. Bioassays
In the bioassays, Lactuca sativa (L. sativa) [39] and Hydra attenuata (H. attenuata) [40] were used as a
biological indicators of water quality. After the follow-up of the results of the two first collections of
water samples, a modification of the protocol was performed replacing Daphnia magna (D. magna) [41]
instead of H. attenuata due to no evidence of sensitivity against the possible harmful substances that
might be present in the water samples by H. attenuata. The effects on organisms can be inhibition,
sublethality, and lethality volume/volume (v/v). The water samples were diluted in four different
concentrations 25%, 50%, 75%, and 100% (v/v); reconstituted hard water (160–180 mg/L CaCO3)
was used as diluent for the D. magna and H. attenuata; while for L. sativa, distilled water was used.
The response of H. attenuata was read using a binocular stereoscope (Leica). Before taking the readings,
the containers were shaken in a circular way to reactivate the movement of D. magna and confirm their
state. In the case of L. sativa, graph paper was used to measure the length of the radicle.
2.3.1. Endpoint and Toxic Response Model
L. sativa, half-maximal inhibitory concentration (IC50): root growth reduction or inhibitory effects
on lettuce seed germination and root growth after 5 days. D. magna, lethal concentration (LC50): number
dead/total number or lethal effects of water were observed after 48 h of exposure, and H. attenuata,
median effective concentration (EC50): density reduction or lethality test, produced by irreversible
morphological changes after 96 h of exposure.
2.3.2. Toxicity
To calculate the lethal concentration (LC50), the half-maximal inhibitory concentration (IC50),
and median effective concentration (EC50), the method used was Environmental Protection Agency
(EPA) Probit analysis model [42–44]. When results in EC50/LC50/IC50 cannot be reported by the statistical
program, they are reported as the percentage of effect (%) in the lowest concentration at which the
event is still present on the evaluated population [20].
2.4. Ames Test
The method was applied according to Ames [45] using Salmonella typhimurium (S. typhimurium)
TA98 and TA100 strains to evaluate possible mutagenicity. The cultures were grown in Oxoid nutrient
broth No. 2. The samples of water were diluted in four different concentrations 25%, 50%, 75%,
and 100% (v/v). The mutagenic effect was evaluated from the number of revertant colonies per plate.
The plates were prepared in triplicate for every test sample, and the result presented was the mean
of triplicate observation. The mutagenic activity was detected after 120 h of exposure at 37 (±2) ◦C.
The revertant colonies’ readings were counted using an automatic colony counter (Industrial Scientific).
For accuracy of the results, mutagenic index (MI) values greater than or equal to two (≥2) were
considered mutagenic [46].
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2.5. Statistic Analysis
To establish whether there is a relationship between evaluated physicochemical parameters and
heavy metals with results of bioassays, a one-way analysis of variance (ANOVA) was performed with
a significance level of p < 0.05.
2.6. Microbiological Analysis
The determination of total coliforms and E. coli as indicators of bacterial fecal contamination
was performed according to the ISO 9308-1 standard method [47]. Cellulose acetate membranes of
0.45 μm × 47 mm (Sartorius) were used for the filtration. Dark blue/purple colonies on Chromocult
agar (Merck) were presumed to be E. coli. The detection and quantification of somatic coliphages as
indicators of viral fecal contamination was performed according to the ISO 10705-2 standard procedure
and modified Scholten’s agar (MSA) (OXOID) was used for the detection of coliphages [48].
The results obtained in the samples from Village Gato, Village Tigui, and the water catchment of the
Boque River were compared with normative 1594/1984 [49], which regulates waters that can be treated
by conventional systems for human consumption. While for houses and deep-well underground
sites, they were evaluated in compliance with normative 2115/2007 [38], which regulates water for
human consumption. Normative 2115/2007 only beholds the microbiological quality concerning
total coliforms and E. coli. Although coliphage concentrations are not regulated within Colombian
normatives, their detection is relevant since they confirm contamination of fecal origin and the possible
presence of pathogenic viruses, both in drinking water and in water for human consumption.
3. Results
3.1. Physicochemical Parameters
Parameters such as COD, total solids, and pH did not exceed the limits of Colombian normative
0631/2015 [37], in the first three sample stations. However, the level of cadmium was excessive in the
Village Gato station in the first sampling with a concentration of 0.05 mg/L. Chromium did surpass
the limit in the first sampling in Village Tigui. Likewise, mercury in Village Gato exceeded the limit
in the third sampling (0.0029 mg/L). Moreover, in the Village Tigui station, the measurements in the
second sampling exceeded 0.0025 mg/L and those in the water catchment of the Boque River in the
first sampling were also excessive with 0.0022 mg/L. Furthermore, the permitted concentration of
cyanides in the first and second sampling with a concentration of 1.02 and 1.32 mg/L, respectively,
was excessive at the Village Tigui sampling station. While in the water catchment of the Boque River
station, the prescribed cyanide level was exceeded in the second sampling with a concentration of
1.57 mg/L (Appendix A—Table A1).
The values of heavy metals analyzed in the last two sampling stations were compared with
normative 2115/2007 [38] based on waters for human consumption. On one hand, the level of cadmium
exceeded the limits established by the regulations for the house station in the second and third sampling
with concentrations of 0.03 and 0.01 mg/L, respectively. While the cyanide concentration was exceeded
only in the second sampling (1.11 mg/L). On the other hand, the established values of cadmium
exceeded only in the second sampling in deep-well underground, presenting a concentration of
0.01 mg/L. Mercury was detected in each of the samples for both the house and deep-well underground
stations, but the concentrations did not exceed the limits established in normative 2115 of 2007 [38].
The other metals evaluated (Zn, Ni, and Cr) were not detected in any of the samples analyzed
(Appendix A—Table A2).
3.2. Bioassays
Table 1 shows the different percentages of growth inhibition of L. sativa in three samples for
five evaluated stations. As the results show, there was root inhibition in some sampling stations and
overgrowth in others. In Village Gato, in the third sampling, there was excess growth at a concentration
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of 25%. Likewise, in Village Tigui, the greatest inhibitions registered were observed at a concentration
of 25%. In general, among all the sampled stations where the greatest inhibition was observed the
highest was in Village Tigui, followed by house, deep-well underground, Village Gato, and the smallest
recorded in the water catchment of the Boque River.









Village Gato 33% Inhibition to 75% 27% Inhibition to 100% 133% Growth to 25%
Village Tigui 44% Inhibition to 25% 24% Inhibition to 25% 4% Inhibition to 50%
Water catchment of the Boque River 0% Inhibition to 100% 27% Inhibition to 100% 110% Growth to 100%
House 34% Inhibition to 25% 19% Inhibition to 75% 6% Inhibition to 50%
Deep-well underground 35% Inhibition to 50% 36% Inhibition to 75% 6% Inhibition to 75%
S: sampling, the numbers 1S, 2S, and 3S correspond to the months of July, September, and December in which the
sample was taken; n: is the number of samples.
In Table 2, it is observed that the D. magna indicator has different mortality percentages since
the same four concentrations of the sample are evaluated as in the L. sativa bioassay. The highest
was 23% mortality at a concentration of 50% at the water catchment of the Boque River station and
17% mortality at 75% at the Village Tigui sampling station, followed by the house and deep-well
underground stations. Finally, the lowest concentration of mortality was obtained in the Village Gato
station with 33% mortality at 100%. For H. attenuata, it was not possible to determine the EC50 and
LC50 values because there were no morphological changes, indicating lethality or sublethality, in the
three samplings carried out, reporting 0% sublethality at 100% (v/v) and 0% lethality at 100% (v/v).
Table 2. Results of bioassay with Daphnia magna.
Sampling Station 3S
% (v/v) Effect(n = 15)
Village Tigui 17% mortality to 75%
Village Gato 33% mortality to 100%
Water catchment of the Boque River 23% mortality to 50%
House 47% mortality to 100%
Deep-well underground 43% mortality to 100%
S: sampling, the number 3S corresponds to the month of December in which the sample was taken; n: is the number
of samples.
3.3. Ames Test
The results obtained with the Ames test using S. typhimurium TA98 and TA100 strains are presented
in Table 3, where the mutagenic index (MI) is shown for each condition used in the assay. According to
Table 3, for the second sampling of the house station, mutagenic values were observed for both strain
TA98 and TA100 in each of the concentrations evaluated. While for Village Gato, with strain TA100,
a value of 2.4 was observed in the 100% concentration (Table 3). For the other sampling sites, there was
no mutagenic index.
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Table 3. Mutagenic index, for each concentration analyzed in the five sampling stations with strain







S1 S2 S3 S1 S2 S3
Village Gato
25 0.77 1.07 0.00 0.97 0.46 1.00
50 0.86 0.87 0.20 1.09 0.68 1.20
75 1.06 1.49 0.60 1.27 0.77 1.70
100 1.12 1.93 1.00 1.51 1.14 2.40
Village Tigui
25 0.97 0.70 0.00 1.37 0.20 0.60
50 0.95 0.74 0.00 1.39 0.34 0.90
75 1.12 1.14 0.10 1.48 0.33 1.00
100 1.21 1.82 0.40 1.81 0.56 1.20
Water catchment of
the Boque River
25 1.17 0.39 0.30 0.94 0.27 0.60
50 1.39 0.63 0.50 1.00 0.24 0.70
75 1.41 0.47 0.60 1.21 0.35 1.10
100 1.50 0.59 0.90 1.71 0.44 1.30
House
25 0.68 41.78 0.40 1.01 11.05 0.60
50 1.00 48.49 0.60 1.17 12.39 1.00
75 1.06 56.62 0.80 1.36 13.75 2.00
100 1.21 58.31 1.10 1.70 15.09 2.50
Deep-well
underground
25 88.0 0.39 0.20 1.02 0.37 0.80
50 0.88 0.50 0.50 1.16 1.21 1.20
75 1.00 0.50 0.80 1.23 0.42 1.70
100 0.55 0.64 0.90 1.28 0.64 2.00
S: sampling, the numbers 1S, 2S, and 3S correspond to the month of July, September, and December in which the
sample was taken; n: is the number of samples; MI: mutagenic index.
3.4. Statistical Analysis
The statistical analysis performed to determine a possible relationship between the results of the
physicochemical parameters against the toxicity indicators showed that there is a relationship between
the inhibition of L. sativa concerning to mercury with a significance of p < 0.05.
However, due to the low number of samples analyzed for H. attenuata (three samples) versus the
number of samples for D. magna (15 samples), it was not possible to establish whether there was a
correlation with the concentration of metals or with the results of L. sativa.
3.5. Microbiological Analysis
Table 4 shows the results of the concentration of fecal contamination indicators (total coliforms,
E. coli, and somatic coliphages) for the different types of water of the five sampling stations. Table 4
shows that concentrations between 103 and 105 colony forming unit (CFU)/100 mL for total coliforms
were obtained at the different stations. While in the case of E. coli, concentrations between 103 and 104
CFU/100 mL were obtained. Somatic coliphages were detected in samples taken at Village Gato and
house stations. Colombia does not have regulations for the presence of this indicator, although this is
necessary since the presence of somatic coliphages represents a risk to the health of the community.
While, for the water catchment of the Boque River, Village Tigui, and deep-well underground
stations, the presence of phages in some samples was not detected (<1.0 × 103). The results
were compared with decree 1594/1984 [49], which establishes the concentration of total coliforms
(2.0 × 104/100 mL) allowed in waters that will be treated by conventional systems: while normative
2115/2007 [38], establishes that the concentrations for total coliforms and E. coli for drinking water is
0 CFU/100 mL.
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1S 2S 3S 1S 2S 3S 1S 2S 3S
Village Gato 7.0 × 103 1.1 × 105 4.1 × 105 1.0 × 103 4.0 × 103 8.0 × 104 1.4 × 103 1.0 × 102 4.5
Village Tigui 1.3 × 105 3.2 × 104 2.2 × 105 2.0 × 103 2.0 × 103 3.0 × 104 4.9 × 103 3.0 × 102 <1.0 × 103
Water catchment of
the Boque River 2.4 × 104 1.7 × 104 4.0 × 105 1.0 × 103 1.0 × 103 1.0 × 104 <1.0 × 102 <1.0 × 103 1.9
House 4.0 × 104 1.4 × 105 2.8 × 105 1.0 × 103 3.0 × 104 3.0 × 104 1.0 × 102 2.0 × 104 1.0 × 102
Deep-well
underground 3.2 × 104 6.0 × 104 3.8 × 105 1.0 × 103 4.0 × 104 4.0 × 104 2.0 × 102 <1.0 × 103 1.0
CFU/100 mL: colony forming units in 100 mL of analyzed water; PFU/100 mL: plaque forming units in 100 mL of
analyzed water; n: number of samples analyzed. S: sampling, the numbers 1S, 2S, and 3S correspond to the month




4.1.1. Hydra attenuata and Daphnia magna
By applying the H. attenuata toxicity test, it was not possible to determine lethality or sub-lethality
since there were no morphological changes in the three samples taken. An important factor that could
influence why H. attenuata was not sensitive to contaminants present in this water, is that the toxicity of
metals is modified by abiotic factors such as hardness, pH, and water temperature [50]. For example,
if water hardness is high, the formation of metal complexes tends to increase, which in turn lowers the
effect of toxic divalent metals [50,51].
H. attenuata has a higher sensitivity to toxic substances at acidic pH, compared to that at
alkaline or neutral pH [52]. The pH value of the water sample from the Boque River is about 7
(Appendix A—Tables A1 and A2), which could influence H. attenuata not presenting sensitivity when
heavy metals, cyanides, or other toxic substances are in the water.
Due to the results obtained with H. attenuata in the first two samples, D. magna was used in the last
sampling, to find an animal indicator that presented a greater sensitivity to these types of contaminants.
Table 2 shows different mortality percentages that were found, demonstrating the sensitivity of this
organism to the contaminants present in the water of the Boque River that is consumed by the Monterrey
population. Studies conducted by Forget et al. [53] with D. magna, show percentages of toxicity up
to 70% against heavy metals. Castro-Català et al. [54] evaluated the toxicity of sediments and water
in rivers with the presence of pesticides and heavy metals using D. magna as an animal indicator,
showing that it can be sensitive to these types of samples, due to its high metabolic rate [55]. Likewise,
Lattuada et al. [56], in southern Brazil, used D. magna as an indicator of toxicity in waters affected
by coal mining, in which heavy metals such as Fe, Mn, Zn, Ni, Cd, and Pb were found. The results
showed sensitivity by this indicator in this type of water and suggest the evaluation of toxicity in
waters from gold mining. Moreover, studies conducted in China by Wu et al. [57] demonstrated that
the most frequently encountered heavy metals in a region affected by gold mining were mercury
and cadmium, as observed in the results found in the drinking water of the population of Monterrey
(Appendix A—Tables A1 and A2).
4.1.2. Lactuca Sativa
The differences observed between chemical parameters and toxicity may be related to the fact that
the samples were not collected simultaneously and that it is not the same water because along the river
route and on the different sampling days, diverse factors can alter its quality. Likewise, dilution effects
due to rain, sedimentation, the introduction of new pollutants, among others, can have an influence.
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Additionally, the water entering the treatment plant can be more contaminated, taking into account
that it travels through tanks that are not in operation or comes into contact with sludge that might
have a higher concentration of contaminants, which may return to the column of water.
The increase in germination, compared to the positive control (overgrowth), is related to the
presence of organic matter because they are essential nutrients for L. sativa seed germination, and if
they are available in high concentrations, they will stimulate growth. On the other hand, mercury and
cyanide at the Village Tigui station (Appendix A—Tables A1 and A2) had higher concentrations.
The inhibition rates of 24% and 44% for samples 1 and 2 at the concentration of 25%, affect the growth
of the seed as the higher concentration of pollutants results in greater inhibition. Castillo et al. [24]
found inhibition in the germination of seeds in waters contaminated with mercury and argue that it
can occur due to the harmful effects caused by mercury at the cellular level in the seed. These results
coincide with other studies where L. sativa has been proposed as a useful tool to evaluate and compare
the toxicity of industrial effluents that present heavy metal contamination [58].
Likewise, the level of cadmium (Appendix A—Tables A1 and A2), also exceeded the minimum
values established by the regulations for water for human consumption; studies have been reported
where the exposure of L. sativa to this metal causes toxic and harmful effects that decrease its growth as
the concentration of Cd, and thereby its adsorption, increases [59–61]. Just as the presence of heavy
metals and cyanide has toxic implications in the plant and animal model, in the same way, it will affect
the health of the human being [62,63].
Cd is one of the most toxic elements to which man is exposed since the accumulation of this
metal in the body is gradual and increases with age due to its long half-life, greater than 20 years [64].
This is why eating food or drinking water with very high levels of cadmium causes severe stomach
irritation, which causes vomiting, diarrhea, and sometimes death [64]. Moreover, cyanide exceeded the
allowed limits (0.05 mg/L) in one of the samples analyzed in one of the houses (1.11 mg/L). The guide
values of the World Health Organization [65] establish that the concentration of cyanide toxic to
humans is 0.07 mg/L. Exposure to this concentration or higher may cause inhibition of cell growth,
thereby affecting the breathing process and the metabolism of nitrogen and phosphate. It also inhibits
the activity of some metalloproteins, joining cofactors such as the heme group of hemoglobin [66].
Finally, cyanide has acute effects on human health such as irritation of the eyes, nose, and throat.
High exposure causes intoxication with headache, weakness, nausea, strong heartbeat, coma, and even
death. As for chronic effects, it causes nosebleeds and nose lesions and can cause enlargement of the
thyroid gland, which can interfere with its regular function [67].
4.2. Ames Test
In some cases, there was a decrease in reverts with increasing doses, which may be due to the
presence of toxic substances that prevent the growth of bacteria [68]. However, in most of the sampling
stations, a direct relationship was observed between the number of revertants and the increase in the
concentration of heavy metals. This demonstrates the high probability of the presence of substances
such as heavy metals and organic compounds in the Boque River that cause base-pair mutations and
changes in the DNA reading frame of bacteria.
When observing the reversion of the strains, it was evidenced that they exceed 2–40 times the
value of the negative control for the TA98 strain in the second sample in one of the houses, and from
2.0 to 2.5 for the TA100 strain in the third sample for the house and underground well. According to
Orozco and Zuleta [69], some samples can exceed 100 times the negative control and these results are
related to the quality of the water.
Likewise, Meléndez et al. [70] investigated the mutagenic activity of drinking water before
and after chlorination at the Villa Hermosa plant, Medellín, Colombia, finding that contamination
and chlorination influence mutagenicity. They used the Ames test with strains TA100 and TA98.
Sierra et al. [71] evaluated the mutagenic activity of the Cauca River water with the same strains with
and without the enzyme activator S9, finding that the highest rate of mutagenicity was observed with
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strain TA98 without enzyme activator. However, the TA100 strain is characterized by presenting the
hisG46 mutation and has specific markers that give it greater sensitivity to the test; within these are the
uvr mutation, the uvrB mutation, and the plasmid pKM101 [26,68].
Mesquidaz et al. [72] reported alarming figures in the mercury concentrations used in the
gold extraction process in a mine in northern Colombia, which ranges from 50 to 100 tons in 2007.
Furthermore, it is reported that, thanks to this pollutant present in water, the health of the population
has been affected, since Hg was found in human hair at a concentration of 12.8 μg/g, a figure that is well
above international standards. It has been shown that inhabitants of different municipalities in southern
Bolívar where gold mining takes place have high levels of Hg contamination, and this situation requires
special attention to reduce environmental and human health problems [4]. Mercury contamination has
been linked to health problems, as direct absorption of mercury vapor released by incinerators in gold
mining, or ingestion of mercury-containing wastes, causes hydrargyrism and poisoning. Mercury (Hg)
is one of the heavy metals of greatest concern to populations that consume fish. This pollutant can be
released from many sources and has various toxic effects in humans [73].
Some of the health problems caused are excessive salivation, shortness of breath and fatigue,
bronchitis, tremors and irritability, personality changes (due to brain damage), a sensation of floating
teeth and pain in them, kidney and respiratory damage that can lead to death from problems in the
lungs and other organs of the body [74–76]. While breathing polluted air, elemental mercury can
reach the brain, affecting nerve cells and the olfactory system. The main organs in which mercury
accumulates are the brain and the kidney [77,78].
4.3. Statistical Analysis
The statistical analysis showed a relationship between the inhibition of L. sativa concerning
mercury with a significance of p < 0.05; this inhibition in the germination of L. sativa with this metal was
also reported in Chile, where the exposure of the seeds to Hg inhibited their growth [19]. The toxicity
caused multiple harmful effects in the seed at the cellular level such as a change in permeability in
the cell membrane and the affinity to react with phosphate groups and the sulfhydryl group (SH).
When mercury interacts with the SH groups to form the S–Hg–S bonds, it disrupts the stability of the
group can affect seed germination and seedling growth whose tissues are rich in SH groups [79].
On the other hand, it was not possible to establish a correlation between the vegetal and the
animal model due to the number of samples collected. When comparing the results of the bioassays
associating for D. magna and L. sativa, it was observed that the variability due to the sampling was not
simultaneous for every sample and it could be possibly affected by a new spill in the river. Additionally,
these are different organisms with different sensitivity to the contaminants present in the Boque River
water and there exist other factors that can influence this response. For example, some bacteria can
naturally modify mercury (Hg2+) by ion methylation forming CH3–Hg+, which is more toxic and is
incorporated into trophic chains, affecting the animal model more than the vegetable model [80].
4.4. Total Coliforms, Escherichia Coli, and Somatic Coliphages
The microbiological results confirm the high fecal contamination in all the sampling stations
(Table 4). Total coliform concentrations exceeded the limits for Colombian regulations [49]. In the case
of drinking water for human consumption (deep-well underground and house), total coliforms and
E. coli were well above levels required by regulation for drinking water [38]. Likewise, in the case
of drinking water for human consumption by the treatment system (Village Gato, Tigui, and water
catchment of the Boque River), the concentrations allowed for total coliforms were exceeded [49].
Campos-Pinilla et al. [81] and Sánchez-Alfonso et al. [82] in studies carried out in the Bogotá
River found a total coliform concentration between 103 and 106 CFU/100 mL and for E. coli between
103 and 105/100 mL. This coincides with the values found in this study, which range between 103
and 105 CFU/100 mL of total coliforms and for E. coli between 103 and 104 CFU/100 mL (Table 4).
Likewise, studies conducted by Lucena et al. [83] and Sánchez-Alfonso et al. [82] in rivers show average
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concentrations of somatic coliphages between 102 and 104 plaque forming unit (PFU)/100 mL, similar to
those found in this study with ranges from 1 and 103 PFU/100 mL. The concentration of microorganisms
in river water varies depending on climatic factors, geographical area, and the amount of organic matter
present in water bodies [84,85]. The mine exploitation site is a settlement space for the population
that works in this activity legally or illegally, which generates a high level of household waste in the
river causing contamination by the discharge of fecal matter and organic matter, which explains the
concentration of indicators of fecal contamination. It is related to the absence of treatment systems and
improper installation of septic tanks.
The detected concentrations of total coliforms and E. coli in all the drinking water samples
and the detection of somatic coliphages in some samples of water used for human consumption
confirm the fecal contamination and the possible presence of pathogenic viruses in the drinking water
(Table 4). These concentrations of indicators are similar to those detected in river samples as reported
by Lucena et al. [83], Campos-Pinilla et al. [81], and Sánchez-Alfonso et al. [82], which could increase
the risk for residents.
5. Conclusions
The results obtained with the three toxicity indicators reveal that H. attenuata does not present
sensitivity to toxic substances present in this type of water, so its use for this purpose is not
recommended. On the other hand, D. magna showed sensitivity even in diluted samples as well as
L. sativa, which showed growth inhibition and excessive growth in different concentrations of the
analyzed water, inclusive of waters with pollutant concentrations below the detection level. The Ames
test shows an increase in the revertants indicating the possibility of mutations in the population that
consumes this type of water, which is correlated with the results of the mutagenicity test that showed a
mutagenic effect in the five stations evaluated with both strains used in the study. The highest mutagenic
index was found in the water sample taken from the house sampling station. The concentration of
bacteria in the water exceeded the limits allowed by Colombian regulations, creating a health risk,
also with an alert call to the presence of possible pathogenic viruses, and the risk that they imply for
the inhabitants of Monterrey due to somatic coliphage levels determined.
This research recognizes the potential use of bioassays to evaluate the toxic effects generated by
chemical wastes produced by gold mining and discharged into surface waters. The use of animal
and plant models is recommended to evaluate said effects on the environment and public health and
infer the damages that until now have not been sufficiently evaluated having as correlation factors
physicochemical and microbiological parameters.
Finally, this research generated data that contribute to the knowledge of the effects caused to
the environmental and public health by illegal and legal mining carried out with bad practices in
emerging countries with inefficient controls of this type of activity. These assays used can help sanitation
organizations in different countries to take preventive actions on this issue
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Abstract: The removal of antibiotics from the aquatic environment has received great interest. The aim
of this study is to examine degradation of oxytetracycline (OTC), tetracycline (TC), chlortetracycline
(CTC), amoxicillin (AMO), sulfamethazine (SMZ), sulfamethoxazole (SMX), sulfadimethoxine (SDM)
in sludge. Four antibiotic-degrading bacterial strains, SF1 (Pseudmonas sp.), A12 (Pseudmonas sp.),
strains B (Bacillus sp.), and SANA (Clostridium sp.), were isolated, identified and tested under aerobic
and anaerobic conditions in this study. Batch experiments indicated that the addition of SF1 and A12
under aerobic conditions and the addition of B and SANA under anaerobic conditions increased
the biodegradation of antibiotics in sludge. Moreover, the results of repeated addition experiments
indicated that the efficiency of the biodegradation of antibiotics using the isolated bacterial strains
could be maintained for three degradation cycles. Two groups of potential microbial communities
associated with the aerobic and anaerobic degradation of SMX, AMO and CTC in sludge were
revealed. Twenty-four reported antibiotics-degrading bacterial genera (Achromobacter, Acidovorax,
Acinetobacter, Alcaligenes, Bacillus, Burkholderia, Castellaniella, Comamonas, Corynebacterium, Cupriavidus,
Dechloromonas, Geobacter, Gordonia, Klebsiella, Mycobacterium, Novosphingobium, Pandoraea, Pseudomonas,
Rhodococcus, Sphingomonas, Thauera, Treponema, Vibrio and Xanthobacter) were found in both the aerobic
and anaerobic groups, suggesting that these 24 bacterial genera may be the major antibiotic-degrading
bacteria in sludge.
Keywords: sludge; antibiotics; biodegradation
1. Introduction
Antibiotics are discharged from animals (and humans) and enter wastewater treatment plants
(WWTPs) through the sewage system [1]. In general, antibiotics are not easy for wastewater treatment
facilities to remove [2]. The release and persistence of antibiotics in the environments may lead to an
increase in antibiotic-resistant bacteria [3]. Tetracycline antibiotics (TCs), such as tetracycline (TC),
oxytetracycline (OTC), and chlortetracycline (CTC), are broad-spectrum antibacterial drugs that inhibit
bacterial protein synthesis [4]. Sulfonamide antibiotics (SAs) act against most Gram-positive and
many Gram-negative bacteria. SAs act as competitive inhibitors of p-aminobenzoic acid in the folic
acid synthetic pathway to inhibit the growth of bacteria [5]. Three sulfonamides, sulfamethoxazole
(SMX), sulfadimethoxine (SDM), and sulfamethazine (SMZ), are found in sludge in many WWTPs and
rivers [6–8]. Amoxicillin (AMO) is a β-lactam family antibiotic drug. This class of antibiotics disrupts
bacterial cell walls during bacterial growth [9]. AMO in the environment may lead to an increase in
antibiotic-resistant bacteria [10].
Several methods for antibiotic removal from wastewater sludge have been proposed.
These approaches include chemical oxidation methods such as UV- and solar-based procedures
(UV/H2O2, solar/H2O2), ozonation, photocatalysis by Fe2+ or Fe3+/H2O2 and TiO2 photocatalysis [11].
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Antibiotic degradation by fungal extracellular enzymes extracted from spent mushroom composts has
also been reported [12]. Thermal hydrolysis/anaerobic digestion [13] and the use of aerobic granular
sludge treated with manganese oxides [14,15] have also been proposed. Nevertheless, many antibiotics
continue to be detected in wastewater sludge [16–18]. The use of microorganisms to eliminate
antibiotics is a promising strategy [19–21]. The aerobic degradation of antibiotics has been observed
in pure bacterial cultures and microbial consortiums. Rhodococcus rhodochrous and Aspergillus niger
degrade pharmaceuticals via cometabolism [22]. Stenotrophomonas maltophilia DT1 biotransforms
tetracycline [23]. Klebsiella sp. SQY5 degrades tetracycline (TEC) [24]. Sulfamethoxazole is biodegraded
by individual and mixed bacteria [25,26]. Antibiotic sulfanilamide biodegradation is performed by
acclimated microbial populations [27]. Chlortetracycline can be used as the sole carbon and nitrogen
source by the acclimated microbiota [28].
The aim of this study was to examine the degradation of antibiotics in sludge by
antibiotic-degrading bacteria under aerobic and anaerobic conditions. The microbial communities
involved in the aerobic and anaerobic degradation of antibiotics in sludge are revealed.
2. Materials and Methods
2.1. Chemicals
SMX, SDM, SMZ, TC, OTC, CTC, AMO (Table S1) of 99.0% purity and all other chemicals were
purchased from Sigma Chemical Co. (St. Louis, MO, USA). Solvents were purchased from Mallinckrodt
(Paris, KY, USA).
2.2. Sludge Sample and Medium
The sludge was a semisolid slurry (total solids 0.87 g/L, pH 6.7) that was produced as sewage
sludge from the Dihus wastewater treatment plant in Taipei, Taiwan. Fresh sludge was used for
antibiotic adaptation. The temperature of the sampling site was 30 ◦C. The medium used in aerobic
experiments contained the following chemicals (mg/L): K2HPO4, 65.3; KH2PO4, 25.5; Na2HPO4·12
H2O, 133.8; NH4Cl, 5.1; CaCl2, 82.5; MgSO4·7H2O, 67.5; and FeCl3·6H2O, 0.75. The medium used
in anaerobic experiments contained the following chemicals (mg/L): NH4Cl, 2.7; MgCl2•6H2O, 0.1;
CaCl2•2H2O, 0.1; FeCl2•4H2O, 0.02; K2HPO4, 0.27; KH2PO4, 0.35 and resazurin, 0.001. The pH of the
medium was adjusted to 7.0 using potassium hydroxide or nitric acid. Resazurin is an indicator, which
exhibits red color under aerobic conditions and is colorless under anaerobic conditions. Titanium citrate
of 0.9 mM was used as a reducing reagent. All anaerobic operations were performed in an anaerobic
glove box.
2.3. Sludge Adaptation
Aerobic adaptation was performed by adding 1 mg/L CTC, SMX and AMO, simultaneously,
to 1000 mL serum bottles containing 450 mL of aerobic medium, 50 mL sludge, and incubated on a
rotary shaker (120 rpm) at 30 ◦C without light for 6 months. Anaerobic adaptation was performed by
adding 1 mg/L CTC, SMX and AMO, simultaneously, to 1000 mL serum bottles containing 450 mL of
anaerobic medium, 50 mL sludge and capped with butyl rubber stoppers and crimp seals, wrapped in
aluminum foil, and then incubated without shaking at 30 ◦C without light for 6 months. All anaerobic
operations were performed in an anaerobic glove box. In this paper, the sludge was referred to as
antibiotic-adapted sludge.
2.4. Enrichment, Isolation, and Identification of Antibiotic-Degrading Bacteria
The enrichment procedure was performed using 5 mL of antibiotic-adapted sludge in a 125-mL
serum bottle containing 45 mL of aerobic or anaerobic medium, with CTC, SMX and AMO of final
concentration of 0.2 mg/L, simultaneously, and incubated at 30 ◦C. The second to the fourth enrichment
transfers were amended with gradually increasing concentrations of CTC, SMX and AMO from 0.2 to
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1 mg/L. An elevated concentration is commonly used for enrichment to ensure that the CTC, SMX and
AMO degraders are selected. After the fourth enrichment, aerobic or anaerobic medium agar plates
containing CTC, SMX and AMO (1 mg/L) were inoculated with 100 μL of the liquid part of the sludge by
streaking to isolate pure strains of bacteria. The AnaeroPack system was used for anaerobic cultivation,
including AnaeroPack®-Anaero and AnaeroPouch®-Anaero. All anaerobic operations were performed
in the anaerobic glove box. To confirm that the bacterial strains were antibiotic degraders, degradation
experiments were performed using 5 mL (106 CFU/mL) of bacterial culture and 45 mL of medium
with 1 mg/L antibiotics on a shaker (120 rpm) at 30 ◦C in the dark. Samples were taken periodically to
analyze residual CTC, SMX and AMO.
The 16S rRNA gene of the isolated bacterial strains were amplified by PCR with the 5′-primer F8
(5′-AGAGTTTGATCCTGGCTCAG-3′) and the 3′-primer R1510 (5′-GGTTACCTTGTTACGACTT-3′).
The PCR parameters included initial denaturation at 94 ◦C for 10 min, followed by 35 cycles of 45 s at
94 ◦C, 1 min at 60 ◦C, and 1 min at 72 ◦C, with a final extension at 72 ◦C for 10 min. The PCR products
were sequenced on an ABI Prism automatic sequencer. The 3′-end sequence was converted into the
reverse complementary sequence. The overlapping parts of sequences from the 5′ and 3′-ends were
identified with the Align Sequences Nucleotide BLAST tool at the National Center for Biotechnology
Information (NCBI) website. Finally, the two sequences were assembled into a single contig sequence
based on the overlapping sequences. The 16S rRNA sequences of the four isolates have been submitted
to Genbank; accession number: A12: MT678104, B: MT678105, SANA: MT678106, SF1: MT678107.
The 16S rRNA gene sequences of the four isolated bacterial strains were used to search the NCBI 16S
rRNA database with the Basic Local Alignment Search Tool (BLASTn). The top five sequences (with the
highest scores) in the Blast results for each 16S rRNA sequence were retrieved and used to construct the
phylogenetic tree. Phylogenetic analysis was performed using Clustal X 2.0 with 1000 bootstrapping
repetitions [29]. The neighbor-joining algorithm was used to construct the phylogenetic tree.
2.5. Settings of Batch and Readdition Experiments
Two sets of experiments (batch and continuous addition) were performed under aerobic and
anaerobic conditions. In the batch experiments, the aerobic experiments were performed in 125 mL
serum bottles with the following contents: 45 mL of medium, 5 g of sludge, 5 mL (106 CFU/mL) of
bacterial culture, and 2 mg/L SAs (SMX, SDM, SMZ), TCs (TC, OTC, CTC) or AMO, and which were
incubated on a rotary shaker (120 rpm) at 30 ◦C in the dark. The anaerobic experiments were performed
in 125 mL serum bottles containing 45 mL of medium, 5 g of sludge, 5 mL (106 CFU/mL) of bacterial
culture, and 2 mg/L SAs (SMX, SDM, SMZ), TCs (TC, OTC, CTC) or AMO, and were conducted in an
anaerobic glove box. The bottles were capped with butyl rubber stoppers and crimp seals, wrapped in
aluminum foil, and then incubated without shaking at 30 ◦C. Inoculated controls containing 45 mL of
medium, 5 g of sludge, and 2 mg/L SAs (SMX, SDM, SMZ), TCs (TC, OTC, CTC) or AMO, and were
incubated without degrading bacteria at 30 ◦C. Sterile controls containing 45 mL of medium and 5 g of
sludge were autoclaved at 121 ◦C for 30 min. SAs (SMX, SDM, SMZ), TCs (TC, OTC, CTC) or AMO
were added at 2 mg/L after autoclaving. The remaining percentage of the original antibiotic content in
the sludge ranged from 98.5 to 96.8%, indicating that the aerobic and anaerobic antibiotic degradation
observed in all of the following experiments was due to microbial activity. Each experiment was
repeated three times.
For the repeated addition experiments, sludge samples were used by adding 2 mg/L CTC, SMX and
AMO three times under aerobic or anaerobic conditions. Aerobic experiments were conducted using
1000 mL bottles containing 450 mL of aerobic medium, and 50 g of sludge, with or without 50 mL
(106 CFU/mL) of mixed bacterial culture. Anaerobic experiments were filled using 1000 mL bottles
containing 450 mL of anaerobic medium, and 50 g of sludge, with or without 50 mL (106 CFU/mL)
of mixed bacterial culture. CTC, SMX and AMO was readded into each medium when antibiotics
were decreased to an undetectable level. The aerobic experiments were aerated by an air diffuser
and the mixtures were stirred. The anaerobic experiments were conducted in an anaerobic glove box;
99
Water 2020, 12, 2147
capped with butyl rubber stoppers and crimp seals, wrapped in aluminum foil, and then incubated
without shaking. The repeated addition experiments were performed at 30 ◦C.
2.6. Analytical Methods
SAs were extracted twice from the samples with an extraction solution of 10:3:1 water (containing
0.1% formic acid): acetonitrile:methanol. The extracts were analyzed using an Agilent 1260 HPLC
system equipped with a 4.6 × 250 mm column (Zorbax Eclipse Plus C18, Agilent, Santa Clara, CA, USA)
with photodiode array detector monitoring at 270 nm. The mobile phase was 30%:70% acetonitrile:water
(containing 0.1% formic acid). TCs were extracted twice from the samples with an extraction solution
of 4:1 water (containing 0.1% HCl): acetonitrile. The mobile phase consisted of acetonitrile and water
(containing 0.1% HCl); AMO was extracted twice from the samples with methanol. TCs, and AMO were
quantified with an Agilent 1260 HPLC equipped with a 4.6 × 100 mm column (Poroshell 120 EC-C18,
Agilent) with a photodiode array detector monitoring at 270 nm and 229 nm. The recovery percentages
for TC, OTC, CTC, SDM, SMX, SMZ, and AMO were 91.2%, 95.5%, 89.3%, 94.7%, 93.4%, 90.3% and
92.6%, respectively. The detection limit was 0.1 mg/L in all cases. The remaining percentage and
removal percentage were computed using the following formula: remaining percentage [%] = (residue
concentration/initial concentration) × 100; removal percentage [%] = [1 − (residue concentration/initial
concentration) × 100]. The degradation data collected in this study fit well with first-order kinetics (i.e.,
t = −ln(C/C0)/k, where C0 is the initial concentration, C is the concentration, t is the time period, t1/2 is
the half-life, and k is the degradation rate constant). The coefficient of determinations (R2) ranged from
0.923 to 0.982.
2.7. Microbial Community Analysis
Total DNA was extracted from the sludge at the end of the readdition experiments using
a PowerSoil DNA Isolation kit (QIAGEN, Venlo, Netherlands). The purified DNA was used as
a template for the amplification of the 16S rRNA gene sequence containing the V5-V8 variable
regions using a 5′-primer containing an Illumina adaptor and a 16S rRNA gene-specific sequence
(5′-CCTACGGGNBGCASCAG-3′). The sequence of the 3′-primer contained an Illumina adaptor and
a 16S rRNA gene-specific sequence (5′-GACTACNVGGGTATCTAATCC-3′). PCR was performed
as previously described [30,31]. Next generation sequencing (NGS) was performed at the Genome
Center of National Yang-Ming University, Taiwan, using the MiSeq platform (Illumina, Inc, San Diego,
CA, USA.). A chimera check was used to analyze the 16S rRNA gene sequences to remove chimeras.
The remaining sequences were subsequently analyzed using the classifier software of the Ribosomal
Database Project (http://pyro.cme.msu.edu/) for phylogenetic assignment. Similarity (95%) was used
for bacterial grouping. Xenobiotic biodegradation-associated bacteria were identified using the
Kyoto Encyclopedia of Genes and Genomes (KEGG) database [32]. A cluster analysis of the bacterial
community compositions was performed using the Heatmap function in the ComplexHeatmap package
of R (www.r-project.org).
2.8. Scanning Electron Microscopy
Sludge samples were fixed in 2.5% glutaraldehyde in phosphate-buffered saline for 2 h at 4 ◦C
and postfixed in 1% osmium tetroxide in the same buffer for 1 h. The samples were dehydrated in a
graded ethyl alcohol series, critical point-dried, gold coated, and viewed under a JSM-5410 scanning
electron microscope (JEOL Ltd., Tokyo, Japan).
3. Results and Discussion
3.1. Isolation and Identification of Antibiotic-Degrading Bacteria
Twelve and eight bacterial strains with the ability to use CTC, AMO and SMX as carbon sources
under aerobic and anaerobic conditions were isolated from the sludge samples. The five aerobic
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isolates showing the greatest degrading capability were strains SF1, SF2, SF3, SF4 and A12. When the
bacterial counts increased, the level of CTC, AMO and SMX decreased. The order of CTC, AMO and
SMX degradation was strain SF1 > strain A12 > strain SF2 > strain SF3 > strain SF4. Strains SF1
and A12 exhibited the greatest aerobic degradation capability. The degradation of CTC, AMO and
SMX by strain SF1 after 8 days of incubation was equal to 81.6, 89.1, and 95.9%, respectively (Table 1).
The degradation of CTC, AMO and SMX by strain A12 after 8 days of incubation was equal to 69.4,
81.4, and 89.6%, respectively. The degradation of CTC, AMO and SMX by strains SF1 and A12 after
8 days of incubation was equal to 89.4, 93.4, and 99.3%, respectively. The order of the efficiency of the
aerobic degradation of antibiotics was as follows: strains SF1 and A12 > strain SF1 > strain A12.
Table 1. Remaining percentages (%) of chlortetracycline (CTC), amoxicillin (AMO) and
sulfamethoxazole (SMX) after incubation with antibiotic-degrading bacteria.
Aerobic Condition a Anaerobic Condition b
Medium SF1 A12 SF1+A12 Medium B SANA B + SANA
CTC 97.2 ± 3.70 18.4 ± 0.93 30.6 ± 1.48 10.6 ± 0.53 98.3 ± 4.33 18.4 ± 0.94 40.6 ± 2.13 10.4 ± 0.42
AMO 94.5 ± 2.91 10.9 ± 0.49 18.6 ± 0.88 6.6 ± 0.34 96.7 ± 5.24 10.9 ± 0.58 18.6 ± 0.90 6.4 ± 0.29
SMX 98.6 ± 5.12 4.1 ± 0.12 10.4 ± 0.41 0.7 ± 0.02 99.1 ± 6.78 4.9 ± 0.10 10.4 ± 0.44 0.5 ± 0.01
Note(s): a aerobic conditions for 8 days. b anaerobic conditions for 15 days. Data from three independent experiments
are presented as the means ± SE.
Five anaerobic isolates exhibited the greatest antibiotic-degradation capability were strains B,
SANA, SANB, SANC, SANC, and SAND. When the bacterial counts increased, the level of CTC,
AMO and SMX decreased. The order of CTC, AMO and SMX degradation is strain B > strain SANA
> strain SANB > strain SANC > strain SAND. Strains B and SANA exhibited the greatest antibiotic
degradation capability under anaerobic conditions among the five tested isolates (B, SANA, SANB,
SANC, SANC, and SAND). The degradation of CTC, AMO and SMX by strain B after 15 days of
incubation was equal to 81.6, 89.1, and 95.1%, respectively (Table 1). The degradation of CTC, AMO and
SMX by strain SANA after 15 days of incubation was equal to 59.4, 81.4, and 89.6%, respectively.
The degradation of CTC, AMO and SMX by strain B and SANA after 15 days of incubation was equal
to 89.6, 93.4, and 99.5%, respectively. The order of the efficiency of the anaerobic degradation of
antibiotics was as follows: strains B and SANA > strain B > strain SANA. Yang et al. (2019) reported
that the cocultures of strains M10 and M12 can enhance malachite green degradation in milkfish pond
sediments. The addition of both bacterial strains M10 and M12 produced better results than each of
the single cultures [31]. The aerobic stains SF1 and A12 and the anaerobic strains B and SANA were
used in subsequent studies.
The colony morphology and scanning electron micrographs of the four bacterial strains are shown
in Figure 1. All of them were Gram-negative, rod-shaped bacteria.
Phylogenetic analysis of strains A12, SF1, B and SANA, based on the 16S rRNA gene, is shown in
Figure 2. The strains A12, SF1, B and SANA are closely related to Pseudmonas pseudoalcaligenes (99%),
Pseudmonas taiwanensis (96%), Bacillus flexus (99%) and Clostridium butyricum (99%), respectively.
Pseudomonas bacteria are widespread in various natural environments, such as soil, plants,
animals, air and water. Pseudmonas taiwanensis is an aerobic Gram-negative, rod-shaped, motile,
nonspore-forming bacterial strain isolated from soil [33]. Pseudomonas pseudoalcaligenes is an aerobic
Gram-negative bacterium. It is able to use cyanide as a nitrogen source, and can be used for
bioremediation [34]. Bacillus flexus is a Gram-positive, rod-shaped, endospore-forming bacterium.
This bacterium may be isolated from feces and soil. Bacillus flexus has been shown to exert activity
mainly against polyvinyl chloride additives and exhibits a low biodegradation rate of polyvinyl
chloride polymers [35]. Clostridium butyricum is a strictly anaerobic endospore-forming Gram-positive
bacillus. This bacterium has been studied for its efficiency in decolorizing various remazol reactive
dyes [36].
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Figure 1. Colony morphology and scanning electron micrographs of isolated bacterial strains SF1
(Pseudmonas sp.) (A,B), A12 (Pseudmonas sp.) (C,D), SANA (Clostridium sp.) (E,F), and B
(Bacillus sp.) (G,H).
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Figure 2. Phylogenetic analysis of the 16S rRNA genes of the four bacterial strains (A12, B, SF1, SANA).
Bootstrapping values at branch points indicate the number of times that the same branch was observed
out of 1000 repeats of the phylogenetic reconstruction.
3.2. Degradation of Antibiotics in Sludge with Isolated Bacteria
The antibiotic concentrations in the sterile controls were first examined at the end of the 10th
or 15th day incubation periods, under aerobic or anaerobic conditions, respectively. The remaining
percentages of antibiotics ranged from 91.7 to 95.3%. Therefore, it was concluded that the antibiotic
degradation that occurred in all of the following experiments was due to microbial action.
The aerobic and anaerobic degradation of the antibiotics in sludge containing the isolated bacterial
strains is shown in Figures 3–5. The degradation of the antibiotics was increased in sludge containing
the isolated bacterial strains. As shown in Figures 3A, 4A and 5A, the aerobic degradation half-lives of
OTC, TC, CTC, SDM, SMX, SMZ and AMO were 3.0, 4.6, 2.3, 2.5, 3.1, 1.7 and 2.0 days, respectively.
The anaerobic degradation half-lives of OTC, TC, CTC, SDM, SMX, SMZ and AMO were 4.4, 7.0, 3.4,
4.1, 6.8, 2.4 and 3.0 days, respectively (Figures 3B, 4B and 5B). The order of the degradation rates of the
antibiotics was CTC > OTC > TC> AMO > SMX > SDM > SMZ.
The order of SA degradation rates in sludge was SMX > SDM > SMZ. Similar trends were observed
in a study by Yang et al. (2016) in which fungal enzymes were used to increase the degradation of SAs
in sludge [37]. The order of the TC degradation rates in sludge was CTC > OTC > TC. Similar results
were reported by Suda et al. (2012) from a study in which TC antibiotics were treated with the laccase
enzyme in the presence of 1-hydroxybenzotriazole [38]. The order of the antibiotic degradation rates
was TCs > AMO > SAs. Antibiotics with lower molecular weights are easier to degrade than those
with higher molecular weights. Larger functional groups may hinder degradation by affecting the
interactions between target compounds and the bacteria or enzymes [39]. Moreover, the degradation
of compounds with complex structures may require more reaction steps.
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Figure 3. Degradation of tetracyclines with and without degrading bacteria in sludge. Aerobic (A)
and anaerobic (B) degradation of TCs. TC: tetracycline, CTC: chlortetracycline, OTC: oxytetracycline.
B: isolated antibiotic-degrading bacteria. Data from three independent experiments are presented as
the means ± SE.
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Figure 4. Degradation of sulfonamides with and without degrading bacteria in sludge. Aerobic (A)
and anaerobic (B) degradation of SAs. SMZ: sulfamethazine, SMX: sulfamethoxazole, SDM:
sulfadimethoxine. B: isolated antibiotic-degrading bacteria. Data from three independent experiments
are presented as the means ± SE.
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Figure 5. Degradation of amoxicillin with and without degrading bacteria in sludge. Aerobic (A)
and anaerobic (B) degradation of AMO. AMO: amoxicillin. B: isolated antibiotic-degrading bacteria.
Data from three independent experiments are presented as the means ± SE.
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3.3. Repeated Addition of Antibiotics and Their Degradation in Sludge
To test the long-term degradation ability of aerobic strains SF1 and A12 and anaerobic strains
B and SANA in sludge, experiments involving the repeated addition of antibiotics were performed
(Table 2).
Table 2. The removal rates (%) after the first (1st), second (2nd), and third (3rd) additions of antibiotics.
CTC AMO SMX
1st
Sludge a 35.6 ± 1.6 41.6 ± 1.8 46.3 ± 1.5
Sludge & SF1 & A12 a 82.6 ± 2.5 88.2 ± 2.9 90.6 ± 3.8
Sludge b 33.5 ± 1.2 37.4 ± 1.1 42.2 ± 1.6
Sludge & B & SANAb 85.2 ± 2.4 88.1 ± 2.1 92.3 ± 3.1
2nd
Sludge a 43.7 ± 1.5 45.3 ± 1.3 49.1 ± 1.4
Sludge & SF1 & A12 a 88.6 ± 2.5 90.2 ± 2.9 92.5 ± 2.9
Sludge b 41.2 ± 1.5 43.7 ± 1.3 46.4 ± 1.2
Sludge & B & SANA b 90.7 ± 3.3 91.1 ± 3.1 94.3 ± 3.5
3rd
Sludge a 46.1 ± 1.3 50.4 ± 1.3 52.5 ± 1.1
Sludge & SF1 & A12 a 90.3 ± 3.2 95.3 ± 4.1 97.5 ± 3.9
Sludge b 42.7 ± 1.1 46.4 ± 1.3 50.4 ± 1.2
Sludge & B & SANA b 92.4 ± 4.2 96.4 ± 4.4 98.1 ± 4.7
Note(s): a aerobic conditions for 8 days. b anaerobic conditions for 15 days. Data from three independent experiments
are presented as the means ± SE.
In the first addition experiments, in the sludge under aerobic conditions, 46.3, 41.6 and 35.6%
of SMX, AMO and CTC initially present at 2 mg/L was degraded, respectively. In the sludge under
anaerobic conditions, 42.2, 37.4 and 33.5% of SMX, AMO and CTC initially present at 2 mg/L was
degraded, respectively. In the sludge under aerobic conditions containing aerobic strains SF1 and A12,
90.6, 88.2 and 82.6% of SMX, AMO and CTC initially present at 2 mg/L was degraded, respectively.
In the sludge under anaerobic conditions containing anaerobic strains B and SANA, 92.3, 88.1 and
85.2% of SMX, AMO and CTC initially present at 2 mg/L was degraded, respectively. In the third
addition experiments, in the sludge under aerobic conditions, 52.5, 50.4 and 46.1% of SMX, AMO and
CTC initially present at 2 mg/L was degraded, respectively. In the sludge under anaerobic conditions,
50.4, 46.4 and 42.7% of SMX, AMO and CTC initially present at 2 mg/L was degraded, respectively.
In the sludge under aerobic conditions containing aerobic strains SF1 and A12, 97.5, 95.3 and 90.3%
of SMX, AMO and CTC initially present at 2 mg/L was degraded, respectively. In the sludge under
anaerobic conditions containing anaerobic strains B and SANA, 98.1, 96.4 and 92.4% of SMX, AMO and
CTC initially present at 2 mg/L was degraded, respectively. These results suggest that the degradation
rate increased with the repeated addition of SMX, AMO and CTC. The repeated addition of antibiotics
might increase the abundance of antibiotic-degrading microbes. These findings are similar to the
results of our previous study of SA degradation in sludge [38].
3.4. Microbial Communities in the Repeated Addition Experiments
To obtain deeper insight into the conditions in the repeated addition experiments, the microbial
communities in the repeated addition experiments were analyzed. As shown in Figure 6, the five
experimental conditions (original sludge, sludge in aerobic conditions after the 3rd addition, sludge
and bacteria in aerobic conditions after the 3rd addition, sludge in anaerobic conditions after the 3rd
addition, sludge and bacteria in anaerobic conditions after the 3rd addition) exhibited differences in
the composition of the major microbial communities (46, 45, 24, 33 and 26 microbial genera). The lists
of the five groups of major microbial genera in the five experimental conditions are listed in Table S2.
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Figure 6. Major microbial communities (genus level) in sludge after the 3rd repeated addition
experiment. Control: original sludge. A, S: aerobic conditions, sludge only. A, S + B: aerobic conditions,
sludge + bacteria. An, S: anaerobic conditions, sludge only. An, S + B: anaerobic conditions, sludge +
bacteria. The major microbial genera (red color in heatmap) under the five experimental conditions are
listed in Table S2.
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For validation, a list of xenobiotic biodegradation-associated bacteria/archaea in the KEGG
database was used to identify bacteria/archaea with xenobiotic degradation ability in the repeated
addition experiments. The identified bacterial/archaeal genera were used as key words to perform
text mining using the NCBI PubMed database. Under aerobic conditions, 25 of the 63 identified
bacterial/archaeal genera have been reported to be antibiotic-degrading bacteria/archaea (Figure 7A).
Under anaerobic conditions, 25 of the 63 identified bacterial/archaeal genera have been reported to be
antibiotic-degrading bacteria/archaea (Figure 7B).
In total, 24 reported antibiotic-degrading bacterial genera (Achromobacter, Acidovorax, Acinetobacter,
Alcaligenes, Bacillus, Burkholderia, Castellaniella, Comamonas, Corynebacterium, Cupriavidus, Dechloromonas,
Geobacter, Gordonia, Klebsiella, Mycobacterium, Novosphingobium, Pandoraea, Pseudomonas, Rhodococcus,
Sphingomonas, Thauera, Treponema, Vibrio and Xanthobacter) are common to the aerobic and anaerobic
groups. These results suggest that the 24 bacterial genera may be the major antibiotic-degrading
bacteria in sludge. The PubMed ID, title and abstract of these reports are collected and summarized in
Table S3.
The distribution of the number of major microbial genera exhibiting different aromatic compound
degradation pathways is shown in Figure 8. Most of the microbial genera were associated with
six reaction modules: M00548 (benzene degradation, benzene ≥ catechol), M00551 (benzoate
degradation, benzoate ≥ catechol/methylbenzoate ≥methylcatechol), M00568 (catechol ortho-cleavage,
catechol ≥ 3-oxoadipate), M00569 (catechol meta-cleavage, catechol ≥ acetyl-CoA/4-methylcatechol ≥
propanoyl-CoA), M00623 (phthalate degradation, phthalate ≥ protocatechuate) and M00638 (salicylate
degradation, salicylate ≥ gentisate). Moreover, more microbial genera associated with aromatic
compound degradation were identified in the sludge with isolated antibiotic-degrading bacteria
than in the sludge without the bacteria. These results provide explanations for the increased
antibiotic-degrading effects associated with the addition of isolated antibiotic-degrading bacteria in
sludge observed in Figures 3–5 and Table 2.
Yin et al. (2020) identified a TC-degrading strain, TR5, that could degrade TC quickly (~90%
within 36 h) when the initial TC concentration was 200 mg/L [40]. Its efficiency is much higher than
those of the TC-degrading bacteria identified in this study. However, TR5 was identified as Klebsiella
pneumoniae according to 16S rRNA gene sequencing and biochemical properties. Great care must be
taken in the application of pathogenic bacteria in wastewater treatment. Wu et al. (2020) identified
two TC-degrading strains, Raoultella sp. XY-1 and Pandoraea sp. XY-2, which degraded 81.72% TC
within 12 days in lysogeny broth (LB) medium [41]. The bacterial strains identified in this study
exhibit a higher TC-degrading efficiency than Raoultella sp. XY-1 and Pandoraea sp. XY-2. Wen et al.
reported that 95% of the doxycycline (50 mg/L) was degraded by the recombinant strain Escherichia coli
ETD-1, with tetX, within 48 h [42]. Although the doxycycline-degrading ability of recombinant
Escherichia coli is very significant, great care must be taken in the application of microorganisms
carrying recombinant genes in the environment. Sodhi et al. (2020) identified the AMO-degrading
bacterium, Alcaligenes sp. MMA, which was able to remove up to 84% of amoxicillin in 14 days in M9
minimal media [43]. The bacterial strains identified in this study exhibit a higher AMO-degrading
efficiency than Alcaligenes sp. MMA. Liang et al. (2019) reported that Achromobacter sp. JL9 was able to
utilize SMX as its sole nitrogen source for growth, with an SMX biodegradation efficiency of 63.10% [44].
Moreover, Nguyen et al. (2019) showed that SMX and sodium acetate could be cometabolized as
carbon sources, with the highest removal efficiencies of 82.44%, 80.2%, and 79.45% for NH4+-N,
NO3--N, and SMX, respectively [45]. The bacterial strains identified in this study exhibit a higher
SMX-degrading efficiency than Achromobacter sp. Wang et al. (2018) demonstrated that Acinetobacter sp.
could mineralize 98.8% of SMX, but only 17.5% and 20.5% of sulfadiazine and SMZ, respectively [46].
The bacterial strains identified in this study could degrade 98%, 91% and 88% SMX, SDM and SMZ,
respectively. Overall, the antibiotic-degrading efficiency of the bacterial strains identified in this study
is very good. Moreover, these bacterial strains exhibit the ability to degrade multiple antibiotics.
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Figure 7. Xenobiotic biodegradation-associated bacteria after the 3rd repeated addition experiment
under aerobic (A) and anaerobic (B) conditions. Control: original sludge. Sludge and B: sludge
containing the isolated bacterial strains. a: amoxicillin-degrading bacteria. s: sulfonamide-degrading
bacteria. t: tetracycline-degrading bacteria.
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Figure 8. Xenobiotic biodegradation-associated microbial genera after the 3rd repeated addition
experiment under aerobic and anaerobic conditions. Mxxxxx are Kyoto Encyclopedia of Genes and
Genomes (KEGG) database module IDs. aero: sludge under aerobic conditions. anaero: sludge under
anaerobic conditions. aero_B: sludge with antibiotic-degrading bacteria under aerobic conditions.
anaero: sludge with antibiotic-degrading bacteria under anaerobic conditions.
4. Conclusion
The removal efficiency of antibiotics in wastewater sludge was enhanced using the bacterial
strains isolated in this study. Batch experiments indicated that the combination of two bacterial strains
enhanced the biodegradation of antibiotics in sludge to a greater extent than the application of a single
bacterial strain under both aerobic and anaerobic conditions. The efficiency was comparable between
the aerobic and anaerobic settings. However, anaerobic biodegradation required a longer incubation
time (by 2-fold) than aerobic biodegradation. The results of repeated addition experiments indicated
that the efficiency of the biodegradation of antibiotics using bacterial strains could be maintained for at
least three degradation runs. The added antibiotic-degrading bacteria not only degraded antibiotics
directly but also changed the composition of the microbial community in the sludge. As a consequence,
the composition of the xenobiotic degradation pathways and the antibiotic degradation capacity
were changed.
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